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Abstract

Microplastics (MPs) pollution has become one of the most severe environmental concerns today.
MPs persist in the environment and cause adverse effects in organisms. This review aims to present
a state-of-the-art overview of MPs in the aquatic environment. Personal care products, synthetic
clothing, air-blasting facilities and drilling fluids from gas-oil industries, raw plastic powders from
plastic manufacturing industries, waste plastic products and wastewater treatment plants act as the
major sources of MPs. For MPs analysis, pyrolysis-gas chromatography-mass spectrometry (Py-
GC-MS), Py-MS methods, Raman spectroscopy, and FT-IR spectroscopy are regarded as the most
promising methods for MPs identification and quantification. Due to the large surface area to
volume ratio, crystallinity, hydrophobicity and functional groups, MPs can interact with various
contaminants such as heavy metals, antibiotics and persistent organic contaminants. Among
different physical and biological treatment technologies, the MPs removal performance decreases
as membrane bioreactor (> 99%) > activated sludge process (~98%) > rapid sand filtration
(~97.1%) > dissolved air floatation (~95%) > electrocoagulation (> 90%) > constructed wetlands
(88%). Chemical treatment methods such as coagulation, magnetic separations, Fenton, photo-
Fenton and photocatalytic degradation also show moderate to high efficiency of MP removal.
Hybrid treatment technologies show the highest removal efficacies of MPs. Finally, future research

directions for MPs are elaborated.

Keywords: Microplastics analysis; Contaminant interactions; Physical treatment; Chemical

technology; Biological process
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1. Introduction

Plastics have found their importance for improving human lives due to their long durability,
excellent mechanical properties, resistance to weathering and long service life. Plastic production
has started to increase worldwide since 1950, and continues to grow on a massive scale. Its global
production was 361 million tonnes in 2019, 299 million tonnes in 2014, and only 1.7 million tonnes
in the first year of its journey in 1950 (Auta et al., 2017). Microplastics (MPs) are plastic particles
smaller than 5 mm in size (Thompson et al., 2009). MPs are either are derived from large plastic
particles in various mechanical and photo-oxidative processes (i.e. secondary MPs) or
manufactured in such small sizes deliberately to use for particular purposes (i.e. primary MPs)
(Hidalgo-Ruz et al., 2012). The use of primary MPs is increasing tremendously in various fields
daily. They are widely used in personal care products (e.g., cosmetics, toothpaste, facial cleansers,
deodorant, baby products, peelings, sunscreen, body washes, resin pellets, hair colors, nail polish,
bath gels, eye shadows, insects’ repellents), air-blasting facilities, synthetic clothing, gas-oil
drilling fluids, plastic powders in molding and countless everyday tasks (Alomar et al., 2016). On
the other hand, hills of secondary MPs are being formed in the environment every day through the
wrecking of various sized plastic debris over time in terrestrial and marine environments
(Evangeliou et al., 2020). Biological, physical and chemical processes break down the structural
integrity of larger plastic particles which later turn into microscopic fragments. Different
environmental factors (e.g. temperature, humidity, salinity), polymer properties (such as
morphology, size, shape, density) and biogeographic conditions can influence the formation of
secondary MPs (Auta et al., 2017; Min et al., 2020; Chamas et al., 2020; Anjana et al., 2020). Major
sources of MPs are shown in the appendix (Figure A1).

MPs enter the environment in various ways. MPs from personal care products and other
different sources are incorporated directly with municipal wastewater, and due to their microscopic
sizes, often are incompletely removed during wastewater treatment plants (WWTPs) and
discharged into the aquatic ecosystems. Moreover, atmospheric fallouts, wind advection, storm-
water runoff, and improper waste management are the major causes of MP release to the
environment (Mason et al., 2016).

To effectively assess the risks of MPs to the aquatic environment and human health requires
rigorous analytical methods, which typically follow several steps including sampling, extraction,
isolation (or separation), identification and quantification (or classification). The identification of

MPs is carried out depending on the physical properties (size, shape and colour) and chemical
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characteristics (polymer type) of isolated particles in mixtures of inorganic and organic residue
particles. Due to the small size of MPs, their quantitative analysis is still a challenge to overcome.

MPs highly persist in the environment due to their slow rates of degradation (Eerkes-Medrano
et al., 2015). To date, chronic toxicity of MPs has been reported in various studies due to their
extended exposure in human and other organisms, although no evidence has been found of their
acute effects (Li et al., 2018b; Sussarellu et al., 2016; Prata et al., 2020; Chen et al., 2020;). They
can influence the physiological activities of living communities through leaching of contaminants
from plastics (e.g. plasticizers, flame retardants), and by acting as a vector of persistent organic
contaminants and heavy metals (Hu et al., 2020; Benson and Fred-Ahmadu, 2020; Luo et al., 2020;
Lee et al., 2020; Kalcikova et al., 2020). Some of the abundant types of MPs in the environment,
their typical forms of appearance, as well as common organic contaminants and heavy metals for
which MPs act as a significant vector to biotic organisms, are listed in the appendix (Table A1).

Due to their small size, MPs can be mistakenly ingested by a wide range of organisms which
cannot distinguish between their nourishments and MP particles (Kaposi et al., 2014; Lonnstedt
and Eklov, 2016; Dong et al., 2020; Fu et al., 2020). MPs directly impair many species of birds,
reptiles, and fishes as the ingested MPs can stay in the gastrointestinal tract for a long time or may
clog their stomachs and guts (Carlin et al., 2020; Solleiro-Villavicencio et al., 2020; Roch et al.,
2020; Cole et al., 2013).

A number of physical, chemical and biological treatment technologies have been implemented
recently to degrade or remove MPs from the environment. Physical methods are most widely used,
including adsorption, screening, grit/primary sedimentation, membrane filtration, density
separation, dissolve air flotation and magnetic separation. Till now, filtration technology such as
ultrafiltration (UF), sand filtration and granular filtration has been found as the most effective,
economic, energy-efficient process used in WWTPs of different sizes. In addition, reverse osmosis
(RO) has become popular over the past few years for MPs removal. In many cases, UF is coupled
with RO process to increase the efficiency of treatment process (Qin et al., 2004). With more than
99% efficiency, membrane bioreactor (MBR) has become the most popular treatment technology
among all of the biological treatment methods for MPs removal (Carr et al., 2016;). Other
biological methods include activated sludge process, aerobic digestion, anaerobic digestion (AD),
biological degradation and constructed wetlands (CWs). Chemical treatment methods include
oxidation, photo-oxidation, photo-catalytic degradation, coagulation, Fenton, photo-Fenton and

acid-alkali treatment. Electrochemical methods such as electrocoagulation (EC) and electro-Fenton
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processes have added a new dimension in chemical methods to improve their efficiency. Currently,
pyrolysis and co-pyrolysis are being touted as one of the most promising approaches for MPs
removal with extra advantages of low-cost fuel production (Ahmed et al., 2011; Burra and Gupta,
2018b; Pinto et al., 2002).

Several review articles are available based on MPs especially on the occurrence of MPs in the
marine environment, MPs analysis, and MPs remediation technologies. However, none of these
review articles provides a systematic overview of MPs especially from the sources to treatment
technology. Hence, the main aim of this review is to provide the state-of-the-art overview of MPs
in the aquatic environment by incorporating all relevant aspects and critically analyzing the
available information from literature together with advantages and limitations of each technology.

Future research directions for MPs are also proposed based on the review.

2. Sources of MPs
2.1. Abundance of MPs

MPs have been found in urban and rural areas (Hirai et al., 2011), seawater, sediment (Hidalgo-
Ruz et al., 2012; Van Cauwenberghe et al., 2015; ). MPs are also found in the air (Gasperi et al.,
2018), soil (Blasing and Amelung, 2018) and organisms (Zhao et al., 2016). Several reviews have
been published on the presence of MPs in rivers, ocean and lakes (Horton et al., 2017; Mendoza et
al., 2018). Hidalgo-Ruz et al. (2012) studied the abundance of MPs in the marine environment, and
suggested MPs density to be 0.001-1 items/m? on the sea surface and 1-100000 items/m? in the
sediment. Light MPs have been found in the freshwater surface as floating debris ranging from
1x10° to 68x10° particles’km? (Anderson et al., 2017; Free et al., 2014; Su et al.,, 2016).
Furthermore, the denser MPs are usually found in the soil and sediment (Di and Wang, 2018; Su et
al., 2016). The abundance of MPs in the aquatic environment is presented in Table A2.

The reported MPs concentration in the sediment of St. Lawrence River was 13832
microbeads/m?, implying high MPs content in association with high population density (Castafieda
etal., 2014). Similar suggestion was made in the analysis of MPs distribution in sediment from the
Rhine and Main rivers (Klein et al., 2015). However, water column caught a notable quantity of
suspended plastics particles (da Costa et al., 2016; Leslie et al., 2017); the measured concentration
ranging from 1.6 to 12.6 pieces/L in the three Gorges Reservoir, China (Di and Wang, 2018).
During wastewater treatment, MPs are simply removed but remain in sludge as MPs does not

degrade. Therefore, wastewater sludge contains relatively high MPs e.g., as high as 56000
5
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particles/kg (Li et al., 2019a). During the measurement of MP in an urbanized river in Chicago, it
was found that the MPs concentration exceeded that in oceans, which demonstrated that the WWTP
effluent was the primary source of MPs to the coast water (McCormick et al., 2014).

The sources of MPs in the aquatic system included domestic wastewater (Carr et al., 2016;
Duis and Coors, 2016), sewage discharge (Eerkes-Medrano et al., 2015; Mintenig et al., 2017),
plastic manufacturing industries (Sadri and Thompson, 2014), and decomposition of large plastics
(Eerkes-Medrano et al., 2015). Road dust such as tyres, bitumen, and road marking paints are other
MPs that transport through the freshwater system to the ocean. It is estimated that an average of
63, 125 and 240 kilo tonnes MPs are discharged through wear and tear of tyres each year in the
United Kingdom, Germany and Japan, respectively (Ngo et al., 2019).

Moreover, numerous studies have shown that the abundance of MPs is highly dependent on
the population density and type of human activities (Yin et al., 2020). The abundance of MPs has
been discussed in ocean (Cole et al., 2011), sediment (Alimi et al., 2021), WWTPs (Murphy et al.,
2016), and freshwater including rivers and lakes (Castafieda et al., 2014). The concentrations of
MPs from different sources and locations are summarized in Table A2.

2.2. MPs in wastewater

Studies show that WWTPs are one of the major sources of MPs in the environment (Carr et al.,
2016; Murphy et al., 2016, Alvim et al., 2020). MPs from difterent personal care products (e.g.
hand cleaners, toothpaste, skin cleansers, facial scrubs) have gained considerable public attention
during the past few years (Duis and Coors, 2016; Sun et al., 2020;). MPs are incorporated as
‘exfoliation tools’ in some of these care products and may pass through WWTPs due to their micro
size (Chang, 2015). Some plastic pre-products such as plastic resin pellets and plastic powder
(flakes and fluffs) are also considered as another source of MP particles, which are used in the
fabrication of various plastic products. They may reach the environment by improper handling and
accidental losses during transportation. Residues and garbage from plastic recycling and plastic
processing factories may also pollute waters as a significant contributor of MPs (Andrady, 2011;
Derraik, 2002; Moore, 2008). Protective paints (e.g. ship paints, furniture paints) contain many
synthetic polymers such as polyacrylate, polystyrene (PS), poly-urethane, alkyds and epoxy resins
which may release MPs during application, removal or abrasion of the paints (Song et al., 2014,
Hale et al., 2020, Kwon et al., 2020). Also, abrasion of MPs from some household plastic materials,
car tires, and synthetic textiles (e.g. shirts, PS fleeces, blankets) are major sources of MP particles

in wastewater (Duis and Coors, 2016). MPs are used in some industrial abrasives, drilling fluids
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(in gas and oil exploration), cleansing agents of engines as well as some other industrial aids and
equipment. Improper disposal and handling of them may cause significant input of MPs in
wastewater (Derraik, 2002).

Although significant removal of MPs has been reported in several WTTPs, surprisingly very
few of them can remove MPs with 100% efficacy. An observation by the Swedish Environmental
Research Institute revealed that release of only 0.009 MPs/L from a WWTP (> 99% MPs removal
efficacy) resulted in the total discharge of about 1770 MP particles every hour on average. Murphy
et al., (2016) evaluated a significant number of MPs release from a WWTP despite having 98.41%
removal efficacy. The release of 0.25 MPs/L of final effluent resulted in almost 65 million MPs
release daily with the treated water. In comparison, two tertiary treatment plants in New South
Wales, Australia were found to release about 1.0 MP/L of MP particles in the final effluent.
Variations in the number of treatment steps, type and operating conditions of treatment technologies,
and age of facilities involved in the WWTPs are responsible for the different removal and release
of MPs. Some WWTPs from different geographic regions with varying capacities of MPs treatment
are compared in Table A3, which clearly illustrates WWTPs as a significant secondary source of
MPs.

Therefore, the WWTPs are considered as one of the most significant sources of MPs though
being a secondary one. Either by implementing more efficient MPs treatment technologies, or by
increasing the number of treatment steps, or by treating the contaminated water in two/three
repeating cycles instead of the one-time flow system, the release of MPs from this major source
can be mitigated significantly.

3. Methods of MPs analysis

To accurately assess the risks of MPs in the aquatic environment requires a standard analysis
method for their identification (Koelmans et al., 2019). Analytical method of MPs in environmental
samples follows several steps including sampling, extraction, isolation (or separation),
identification and quantification (Figure A2). First of all, the water and sediment samples are
collected from the field which are then filtrated or sieved via density separation techniques. Due to
the presence of biological materials in the sample, the digestion step is required to reduce the
organic matter without affecting the structural or chemical integrity of MPs (Felsing et al., 2018).
In the analysis of MPs, a visual inspection can be used to sort and identify the large-sized MPs (1-
5 mm), whereas dissection microscope can be used to sort smaller sized MPs particles (Doyle et

al., 2011). The digestion step is mainly recommended before the application of visual inspection
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for MPs identification, via acid digestion, alkali digestion, oxidizing agent, and enzymatic
digestion. However, under high acid concentration and high temperatures, polymers such as nylon,
polyethylene terephthalate (PET) and polyamide (PA) have a low resistance to acid and may also
be degraded or melted at high temperature, and polymers such as polypropylene (PP) and polyvinyl
chloride (PVC) can change their colour (Maes et al., 2017;). In alkali digestion, KOH and NaOH
solutions are widely used to recover MPs and remove biological material (Dehaut et al., 2016). In
comparison, oxidizing agent such as hydrogen peroxide (30-35% H>0») is more effective to
degrade organic matter than NaOH and HCI, with little effect on MPs integrity. On the other hand,
enzymatic digestion is less hazardous and causes little impact on MPs integrity when it is used to
degrade organic materials (Maes et al., 2017). Enzymatic digestion followed by an incubation of
H>0, worked quite well and was able to efficiently destroyed all remaining organic material
(Karlsson et al., 2017).

After the extraction and clean-up steps, the identification of MPs is carried out depending on
the physical (size, shape and color) and chemical (polymer type) characteristics of isolated particles
in mixtures of inorganic and organic residue particles. However, MPs analysis methods are still at
development stage, hence there is not yet so-called standard method (Zhang et al., 2020b). The
combination of two or more analytical techniques is required to identify MPs of various sizes,
shapes and polymer types thoroughly and reliably from complex environmental matrices. Among
the available optical analytical methods, Fourier-transform infrared (FTIR) spectroscopy, X-ray
photoelectron spectroscopy (XPS) and Raman spectroscopy have been widely used to analyze MPs
and nanoplastics (NPs) (Hernandez et al., 2019). XPS along with scanning electron microscopy
(SEM) technique is limited to polymer identification but cannot provide elemental information
about MPs (Hernandez et al., 2019; Hernandez et al., 2017), whereas Raman can provide elemental
information about polymer through fingerprint spectra (Schwaferts et al., 2020). The thermal
analysis has also been used to identify MPs.

3.1. Microscopy methods

A microscope is a fundamental instrument which helps to identify MPs particles by measuring
their physical property. Stereo microscopy method is broadly-used for MPs identification with size
>100-pum (Kang et al., 2015; Mathalon and Hill, 2014; Nel and Froneman, 2015; Song et al., 2015).
Magnified images help to identify ambiguous, plastic-like particles through detailed surface texture
and structural information of objects using microscopy. Biological materials from sediment

samples make it difficult for microscopic observation to identify MPs because these materials
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cannot be wholly eliminated by chemical digestion. Several investigations have indicated that false
identification of plastic-like particles and transparent particles using microscopy was often over
20% and 70% respectively, which was confirmed with subsequent spectroscopic analysis (Hidalgo-
Ruz et al., 2012; Song et al., 2015). Under high magnification, it is difficult to identify transparent
or whitish particles using fluorescence microscopy (Loder and Gerdts, 2015).

On the other hand, SEM produces apparent and high-resolution images of the surface texture
of MPs particles which are better identified from organic particles (Cooper and Corcoran, 2010).
SEM analysis with energy-dispersive X-ray spectroscopy (EDX) provides the fundamental
component of these particles which is useful for identifying carbon-dominant plastics from
inorganic particles. The combination of SEM and EDX micro-analyzer has also been used in low
vacuum mode to determine the chemical and morphological characteristic of MPs particles (Fries
etal., 2013). In addition, polarized optical microscopy is an advanced microscopy technique which
has been used to identify specific MPs particles such as PE (Von Moos et al., 2012). The main
obstacle of the microscopy method is to accurately distinguish between the synthetic and natural
fibers (Table 1) (Song et al., 2015). Therefore, the microscopy method should be combined with
chemical analysis (spectroscopic or thermal analysis) to identify small-sized MPs (<1 mm) (Shim
etal., 2017).
3.2. Spectroscopic methods

The spectroscopic technique is more effective for MPs identification, specifically for particles
<500 pum. Micro-Raman or micro-FTIR spectroscopy is a fundamental technique which has been
applied to evaluating marine samples through detailed information on polymer composition. FTIR
and Raman spectroscopy are complementary vibrational techniques which are vital and effective
in analysing MPs (Hidalgo-Ruz et al., 2012). These methods can scan the complete sample filters
in a short time by combining spectroscopic techniques with fast area-resolved measurements such
as FPA detectors, and chemical imaging (Harrison et al., 2012). Fibres of the bigger fraction (> 750
um) can be spontaneously measured through Raman or FTIR spectroscopy (Képpler et al., 2016).
3.2.1. FTIR spectroscopy

FTIR spectroscopy is the most common method of analysing surface chemical composition or
specific chemical bonds of plastic particles (Hidalgo-Ruz et al., 2012). FTIR technique provides
unique infrared spectra from the change in the dipole moment of chemical bond and identify MPs
by comparison with known reference spectra. The unique spectra of the different bond composition

of plastic in FTIR can easily discriminate plastics from other organic or inorganic particles (Loder
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and Gerdts, 2015), and determine the composition of MPs particle and specific polymer type
(Doyle et al., 2011; Harrison et al., 2012). By analysing different band patterns using the FTIR
spectroscopy, physicochemical weathering of sampled MPs particles could be identified (Corcoran
et al., 2009) (Table 1).

Attenuated total reflectance (ATR)-FTIR spectroscopy is employed to detect large particles
fast (< 1 min) with high accuracy (Ldder and Gerdts, 2015). For example, MPs particles from <500
um to 5 mm can be determined via ATR-FTIR and transmission measurements (Huppertsberg and
Knepper, 2018). The reflectance and ATR mode does not require the sample preparation step for
thick and opaque MPs like the transmission mode. Moreover, in the case of irregular MP surfaces,
the ATR mode produces stable spectra, compared with unstable spectra in the reflectance mode.
MPs as small as the IR beam aperture (e.g., 10 um) are measurable by the ATR probe.

Micro-FTIR mapping has been successfully applied for MPs identification with sequential
measurement of IR spectra at spatially separated and user-defined points on the sample surface
(Levin and Bhargava, 2005). But this technique is still very lengthy when targeting the whole
sample surface at a high spatial resolution as it uses only a single detector element (Harrison et al.,
2012). Only 1.4% of the particles with synthetic polymer origin were detected in sediment with p-
FTIR (Loder and Gerdts, 2015). Surface contact analysis forming ATR-FTR offer a useful method
(u-ATR-FTIR), which has been applied to identify MPs in environmental samples (< 50 um).

MPs (150-250 um) with larger surface areas can be detected using single beam mapping focal
plane array (FPA)-based reflectance imaging method without compromising spatial resolution
(Tagg et al., 2015). The simultaneous recording of several thousand spectra within an area with a
single measurement and the generation of chemical images was possible with this technique
(Harrison et al., 2012; Levin and Bhargava, 2005). The disadvantages of the FPA method are high
instrumental cost and requiring high processing power. The advantage of this method is that no
visual pre-selection is needed to automatically analysing the whole filter. This method may
facilitate the measurement of large sample areas of filter i.e. whole filter surfaces in one single
measurement run. Overall, FPA-micro FTIR method is fast and facilitates fully automated analysis
of MPs of small size. Therefore, the FTIR spectroscopy is the most frequently used technique in
MPs identification and quantification at now. This technique demonstrates a promising tool for
automated MPs analysis. However, more research should be needed to progress automated analysis

methodology to increase accuracy and shorten the identification time.
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3.2.2. Raman spectroscopy

Raman spectroscopy is a non-destructive scattering method used to identify MPs particles in
environmental samples with detailed information about the chemical structure of particles (Cole et
al., 2013; Imhof et al., 2012). Molecular vibration of a sample leads to characteristic spectral
fingerprint in the Raman spectra which help to identification of MPs by comparison with known
reference spectra (Képpler et al., 2016). Once the laser beam (500-800 nm) striking on an object
results in different frequencies of back-scattered light based on the molecular structure and atoms
present, it produces a unique spectrum for each polymer. This so-called Raman shift can be detected
to form substance-specific Raman spectra. This technique can be applied to detect plastic polymers
within minutes by comparison with reference spectra as the plastic polymers possess characteristic
Raman spectra (Loder and Gerdts, 2015). The smaller diameter of the laser beam in Raman
spectroscopy allows for the identification of a broad range of size classes down to tiny plastic
particles < 1 pm (Cole et al., 2013). However, chemical additives and pigments of MPs are
interfered in this method to identify polymer types (Tagg et al.,, 2015). In a complex MP
identification, the different responses and spectra between FTIR and Raman spectroscopy can
compromise each other. Confocal microscopy can be coupled with Raman spectroscopy to detect
MPs particles in zooplankton samples (Cole et al., 2013). Raman spectroscopy can also be
combined with Raman spectral imaging to generate spatial chemical images of a sample.

Raman spectroscopy has some limitations (Table 1) e.g. the laser used to excite the fluorescent
samples cannot be analysed since it precludes the formation of interpretable Raman spectra. More
research is required to explore the optimum laser wavelength for a compromise between suppressed
fluorescence and low signal intensity for assessments of MPs in environmental samples. Usually,
before measurements of Raman spectroscopy, a purification step of samples is needed to prevent
fluorescence for precise identification of the polymer type of MPs particles (Loder and Gerdts,
2015). However, Raman spectroscopy is a better analytical method to identify small-sized MPs (<
20 pum).

3.2.3. Pyrolysis-gas chromatography-mass spectrometry (Py-GC-MS)

Py-GC-MS can be applied to identify and quantify the types of potential MPs particles with
high certainty through their characteristic decomposition products (Diimichen et al., 2015). This
method determines the type of polymer through analysing thermally decomposed gases from
polymers, by comparing with GC-MS profiles of virgin polymers standards. It also enables to

identify the organic plastic additives at a lower temperature in one run (Fries et al., 2013). The Py-
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GC-MS technique permits a comparatively good assignment of potential MPs to polymer types,
but a drawback is the complete destruction of the sample hence actual chemical composition
measurement is difficult to infer. Py-GC-MS analysis method identified PA, PE, PVC, PP, PS, PET
and chlorinated or chloro-sulfonated PE MPs particles from sediment samples (Dekiff et al., 2014).
Regarding the size limitations of plastic particles, Py-GC-MS method is often used to analyze
plastic particles with the maximum size of 1.5 mm (Fries et al., 2013). Its other limitation is long
processing time per sample run (Table 1).

Py-MS has been used to overcome the limitation of Py-GC-MS method (Zhang et al., 2020b).
This process enables the rapid identification of MPs (<1.2 um) compared with Py-GC-MS and
TGA-GC-MS, and can reduce the interference of the environmental matrix in analysing MPs.
Another advantage of this method is the ability to analyse mixed polymers in one run without
preselection and separation which is difficult in Py-GC-MS method. Py-MS is often used to analyze
a large amount of MPs samples. MPs are identified in this process by their chemical fingerprint
including characteristic ions and the ratio of characteristic ions from the mass spectra (Zhang et al.,
2020b).

3.2.4. Atomic force microscopy (AFM)

The combination of AFM with either IR or Raman spectroscopy can provide an effective
method for micro and nanoparticles detection and identification which is the major challenge in
MPs research. This combined method can identify polymer types through their chemical
composition. Automated FTIR/Raman mapping or particle tracking with simultaneous Raman
spectroscopy can resolve the problems such as missing small and transparent MPs particles (Dazzi
etal., 2015). AFM-IR can generate IR absorption spectra and absorption images within the spatial
resolutions of 50-100 nm (Dazzi et al., 2012). For example, 100-nm PS beads were successfully
analyzed by AFM-IR combination.

In addition, Nile Red or NR (9-diethylamino-5H-benzo(a)phenoxazine-5-one) is a strong
fluorescent dye which is useful for staining to identify hydrophobic MPs (Andrady, 2011). NR
staining can be used as a pre-step of spectroscopic analysis and identify hidden MPs. The NR
staining method presents high efficiencies for identifying <100 um PE, PP and PS particles mixed
with high numbers of inorganic particles (Shim et al., 2016). However, co-staining of other natural

materials is the main limitations in applying the NR staining method.
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3.3. Thermal analysis

Thermal analysis is a destructive method which has been recently used for MPs identification
(Castaneda et al., 2014; Majewsky et al., 2016). This method can easily measure the changes in the
physical and chemical properties of polymers depending on their thermal stability (Diimichen et
al., 2015). Thermo-gravimetric analysis can completely pyrolyze the samples at a temperature up
to 600 °C (Diimichen et al., 2017). The decomposition profile of the TGA is used to measure the
homogeneity of the samples. Differential scanning calorimetry (DSC) is a useful method for
identification of specific polymer types by comparison with reference polymeric materials.
Different plastic has different characteristics in DSC (Kalc¢ikova et al., 2017), which help to identify
MPs accurately. Due to the availability of reference materials, this method can identify specific
primary MPs such as PE microbeads (Castafieda et al., 2014). The combination of TGA and DSC
has been used to identify PE and PP (Majewsky et al., 2016). Due to their overlapping phase
transition signal, coupled TGA-DSC method failed to identify PVC, PET, PA, polyester and
polyurethane (PU) (Majewsky et al., 2016). TGA can be combined with solid-phase extraction
(SPE), coupled with thermal desorption gas chromatography-mass spectrometry (TDS-GC-MS).
This combined technique has added advantages of measuring larger sized particles (Table 1). TGA-
SPE/TDS-GC-MS method is used to identifying PE, PP and PS MPs in different samples
(Diimichen et al., 2015). The combination of thermo-extraction and desorption with gas
chromatography-mass spectroscopy (TED-GC-MS) has been used for relatively high sample
masses and enabling measurement of complex sampling matrix (Diimichen et al., 2017). TED-GC-
MS has been used as a fast tool for MPs analysis and the identification of polymers in different
solid samples. MPs identification in this process is through pyrolysis and analysis of the
decomposition gases (Diimichen et al., 2015).

In summary, spectroscopy analysis should be combined with chemical analysis such as
spectroscopic or thermal for MPs <1 mm. Currently, the u-ATR-FTIR method is recommended for
the routine analysis of environmental samples. FPA-FTIR method should be used to analyze
samples of known polymer types. TGA-DSC method needs further research to develop the
performance for MPs identification. In comparison, spectroscopic (Raman and FTIR) and thermal
analysis (Py-GC-MS, TED-GC-MS and Py-MS) methods are the most promising technologies for
MPs identification and quantification. However, there is a need for significant improvement in
these analytical techniques, especially in the quantification of the MPs. There is also a need to

develop tools which can identify and quantify a broad range of MPs.
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[Table 1]

4. MPs interactions with other contaminants

Many studies found that MPs interact with contaminants by the adsorption of harmful
chemicals, antibiotics and metals on their surface (Li et al., 2019b; Liu et al., 2019a), hence acting
as a carrier of other hazardous chemicals. These contaminants can pose a significant impact on
microorganisms. Many studies observed the adsorption of organic contaminants or heavy metals
on different types of MPs (Bakir et al., 2014; Hiiffer and Hofmann, 2016; Wang et al., 2015).
Plastics type and environmental factors (e.g. ionic strength and pH) can affect the adsorption of
contaminants on MPs (Wang et al., 2015). MPs can easily sorb and concentrate toxic chemicals
from the surrounding for their large specific surface area and hydrophobicity which can make them

more dangerous for the natural ecosystems (Teuten et al., 2009).
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4.1. MPs interaction with toxic organic chemicals

Through adsorption, toxic contaminants can easily interact with MPs, especially those with
irregular shapes (Lambert et al., 2017). The shape of MPs could influence the interaction between
MPs with other contaminants or microorganisms in water (McCormick et al., 2014; Wang et al.,
2018a). Wang et al. (2018a) reviewed the interaction of toxic chemicals with MPs. The large
surface area to volume ratio, crystallinity, hydrophobic, physical (e.g. particle size) and chemical
(e.g. functional group) properties of MPs promote their adsorption of a wide range of persistent
organic contaminants (POPs), such as polychlorinated biphenyls (PCBs) or polycyclic aromatic
hydrocarbons (PAHs) (Figure A3) (Bakir et al., 2014; Browne et al., 2013; Herbort and Schuhen,
2017). Many additives such as polybrominated diphenyl ethers (PBDE) and phthalate esters are
added in the production of plastics (Table A4) (Cole et al., 2011). MPs may sorb much more
organics than larger plastics particles because of their broad surface area (Lee et al., 2014). For
example, PAHs and PCBs were detected in extracts from the plastic fragments in North Pacific
Central Gyre, at concentrations of 4-249 and 1-223 ng/g, respectively (Mendoza and Jones, 2015).
Similar findings from two beaches of the Portuguese coast showed that the MP pellets contained
PAHs, PCBs and dichloro-diphenyl-trichloroethanes (DDTs) at 319.2 ng/g, 15.56 ng/g and 4.05
ng/g, respectively (Frias et al., 2010). MPs can adsorb persistent, bio-accumulative and toxic
chemicals from surrounding water and act as a unique medium to transport these chemicals into
the food chain, which can lead to deadly effect in ecological habitat (Koelmans et al., 2016). On
the other hand, some researcher reported that MPs are not major carriers of toxic chemicals (Gouin
etal., 2011; Koelmans et al., 2013). Alimi et al. (2018) reported that PE generally exhibits a higher
sorption capacity for contaminants than other MPs types, and discolored MPs adsorb more PCBs
than coloured ones. Another study reported that PE particles show higher affinity with organic
chemicals than other plastics like PP and PVC pellets.
4.2. MPs interaction with antibiotics

Different antibiotics such as tetracyclines, macrolides, fluoroquinolones and sulfonamides are
widely found in the aquatic environment (Table A5) (Jiang et al., 2011; Li et al., 2012). Antibiotics
can impact the microbial community and generate resistance genes (Yang et al., 2017). In addition,
antibiotics are hazardous chemicals which may affect the survival and growth of aquatic organisms
(Ahmed et al., 2015). Li et al. (2018c) studied the adsorption of five antibiotics (sulfadiazine,
amoxicillin, tetracycline, ciprofloxacin, trimethoprim) on five types of MPs (PE, PS, PP, PA, PVC)
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in the freshwater and seawater systems. They reported the adsorption capacity decreased as
ciprofloxacin > amoxicillin > trimethoprim > sulfadiazine > tetracycline. Due to the pore structure,
PS, PP and especially PA showed higher sorption capacity than PE and PVC. Because of the
formation of hydrogen bond, amoxicillin, ciprofloxacin and tetracycline are highly adsorbed on
PA (Li et al., 2018c). Antibiotics are adsorbed on the MPs because of their large surface area and
lipophilic nature (Guo et al., 2018; Guo and Wang, 2019). Further, the adsorption capacities of
MPs varied based on their physicochemical properties such as specific surface area, the abundance
of rubbery, polarity, degree of crystallinity and chemical properties such as Van der Waals
interaction, m-m interaction and hydrogen bonding between antibiotics and organic matters
(Figure-A4) (Li et al., 2018c; Wang et al., 2015). Solution pH, ionic strength and salinity have a
significant effect on antibiotics sorption in MPs (Guo et al., 2018). For this reason, MPs more
highly adsorb antibiotic in freshwater than in seawater (Li et al., 2018c). Due to the combined
pollution of antibiotics and MPs, a more toxic effect was shown in the freshwater and marine
ecosystems (Li et al., 2018¢). However, more research is needed on the interactions between MPs
and antibiotics, in order to further evaluate their environmental risks.

4.3. MPs interactions with heavy metals

Many studies reported that heavy metals were associated with MPs in the aquatic environment
(Holmes et al., 2012; Wang et al., 2019a; Yu et al., 2019). Heavy metals (Ag, Cd, Co, Cr, Cu, Hg,
Ni, Pb and Zn) can be adsorbed into MPs in freshwater at pH 6.5 (Turner and Holmes, 2015).
Metals highly accumulated on a few specific MPs types such as PET, PVC, PP, low-density PE
and high-density PE (Rochman et al., 2013). Cr and Cu were strongly adsorbed with an adsorption
capacity of 0.297 and 0.261 pg/g, respectively, while Ni, Co, Pb and Cd showed no obvious
adsorption. It was found that adsorption capability of Ag, Cd, Co, Cu, Hg, Ni, and Pb was 0.0128
ug/g, 0.0101 pg/g, 0.0692 pg/g, 0.100 pg/g, 0.170 pg/g, 0.0166 pg/g, and 0.191 pg/g, respectively
in freshwater (Table A6) (Turner and Holmes, 2015).

The large surface area, polarity, and organic polymer composition are the major causes of
heavy metal adsorption on MPs (Ashton et al., 2010). Cations or complexed metals were directly
adsorbed on the charged or neutral regions of MPs surfaces (Ashton et al., 2010). The adsorption
of Ag, Cd, Co, Ni, Pb and Zn increased with increasing pH of river water (Godoy et al., 2019;
Turner and Holmes, 2015). Dissolved organic matter may play a major role in the trace metal

adsorption on MPs through interacting with metals or polymers (Godoy et al., 2019). Other factors
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such as specific surface area, porosity and morphology also play an important role in metal
adsorption on MPs (Godoy et al., 2019), who revealed that the adsorption mechanism of metals in
MPs might be chemical adsorption due to the adsorption isotherm following the Langmuir model.
Intermolecular interaction such as van der Waals interactions, hydrogen bonding interactions, and
cavity formation between contaminants and polymers may influence the sorption capacity (Godoy
et al., 2019). Many studies indicated that the metal adsorption kinetic was relatively fast (Godoy
et al., 2019; Holmes et al., 2012). Metals are specific to adsorption on MPs, due to their different
chemical structure, as demonstrated by that Pb, Cr and Zn are significantly adsorbed on the surface
of PE and PVC MPs with little adsorption on PET (Godoy et al., 2019). Similarly, Pb, Zn and Co
are adsorbed significantly on the surface of PE, PP and PET polymers (Rochman et al., 2013). Zn,
Cu, Cr and Pb seem to have a higher affinity for plastics than Ni and Co (Godoy et al., 2019;
Holmes, 2013).

5. Toxicity of MP contaminants
5.1. Biological toxicity

Studies have been conducted to evaluate the toxicity of MPs on biotic communities, and
revealed higher toxic effects of MPs on the non-selective filter feeders, which mistakenly ingest
MPs instead of other nourishing substances. MPs may cause various internal injuries, blockage in
alimentary canals, reduction of dietary intake, or translocating into the internal circulatory system
(Murray and Cowie, 2011; Shen et al., 2020). MPs ingestion may cause chronic effects, e.g. MPs
from high-density polyethylene (HDPE) (particle size < 80 um) were tracked in the digestive
system and epithelial cells of Mytilus edulis with adverse impacts on the tissues and intestinal tract
(Von Moos et al., 2012). Adverse effects on the fecundity of Calanus helgolandicus (pelagic
copepods) were reported while exposed to 20-um MPs beads (Cole et al., 2015). The laboratory-
based observations for the toxicity of MPs on biotic communities and organisms are described in
Table A7.

Different types of chemical additives are incorporated with plastic compounds to obtain and
improve the desired properties of the products according to consumer demands. For example,
PBDEs are used to increase heat resistance, and phthalates to increase malleability, colorants,
plasticizers, and flame retardants. Leachates from the waste plastic debris and their fragments may

impose toxicity to a wide range of species (Lithner et al., 2009; Lithner et al., 2011). Batel et al.
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(2016) reported that benzo[ a]pyrene-loaded MPs would release contaminants retaining in gut and
liver of zebrafish. Browne et al., (2013) evaluated the desorption of nonylphenol and phenanthrene
from PVC. A mathematical model using equilibrium partitioning and experimental data
demonstrated the transfer of contaminants from plastic to organisms (Teuten et al., 2009).

A positive relation was observed between MP concentration in the sediment and both uptake
of plastic particles and weight loss by 4. marina (Besseling et al., 2013). Lungworms exposed to
micro-PS and PCBs showed reduced feeding capability and lost weight. In terms of immune
function and oxidative status, PVC alone made lungworms >30% more susceptible to oxidative
stress (Browne et al., 2013). Adverse effects of phenanthrene loaded MPs from low-density
polyethylene (LDPE) and PS beads (incorporated with fluoranthene) were observed in African
catfish and Mytilus spp., respectively (Paul-Pont et al., 2016). Plastic-sorbed chemicals were found
to induce liver toxicity in Japanese medaka (Oryzias latipes) (Rochman et al., 2013). Luis et al.,
(2015) investigated the potential influence of MPs on the short-term toxicity of chromium to
juveniles of Pomatoschistus microps. They discovered a significant decrease of the predatory
performance (< 67%) and an inhibition of acetylcholinesterase (AChE) activity (< 31%).

Furthermore, MPs possess high surface area that supports the particles to act as a significant
vector of various contaminants such as POPs and heavy metals during the transports in the
environment (Browne et al., 2013). Some of the contaminants can be retained in the tissues of the
organisms, e.g. PBDE-47 and triclosan were found in the tissues of lugworm at 330 ng/g and 1250
ug/g, respectively (Browne et al., 2013). Some of the sorbed contaminants such as DDT,
phenylalanine and di(2-ethylhexyl) phthalate (DEHP) can transfer from microscopic particles of
PVC and PE to the benthic invertebrates (Bakir et al., 2016; Chua et al., 2014). Table A8 listed the
concentrations of contaminants in the tissues of the organisms due to the transfer of chemicals
from MPs. Here it is worth mentioning that, the concentration gradient of such adhering pollutants
on the MPs surfaces are often too much low to induce potential toxicities alone to the organisms.
However, there are several lines of evidences that disclose the joint adverse impacts of MPs and
their adhering toxic pollutants on various living organisms. In Table A8, some of them have been
listed in detail. Overall, MPs can pose a significant risk of contaminating aquatic food chains, and
potentially increase human exposure via such sources. Rather than being a vector of various POPs,
MP itself pose a huge threat as a persistent pollutant to the environment, to the health of individual

organisms and potentially the overall ecosystems as well.
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5.2. Impact on the aquatic ecosystems

MPs in the open ocean support various microbial biofilms which are different in taxonomic
composition from the microbial assemblages of the surrounding water, in heterotrophs, autotrophs,
predators and symbionts. Sediments with O. edulis showed significantly different assemblage
structures when dosed with MPs, at any density or type of plastic than controls (Green et al., 2017).
Negative impacts on the producers of aquatic ecosystems (e.g. algae) have been observed, e.g.
reduction of chlorophyll, growth rate and photosynthesis, with implications for all of the producer-
dependent primary, secondary and tertiary components of the total ecosystem. Furthermore,
individual organisms (e.g. fish) may also ingest MPs mistakenly and undergo various disorders
through the direct action of MPs. The influence pathways of MPs in an ecosystem have been
illustrated in Figure 1.

MPs represent a wide range of stressors to interfere in the ecosystem jointly. For instance, a
mixture of additives, sorbed contaminants and copolymers may cause additive effects (Jang et al.,
2020; Sait et al., 2020). In the aquatic ecosystem, MPs affect the water translucency (Sjollema et
al., 2016), sedimentation (Cole et al., 2016), and thermal conductivity (Carson et al., 2011) as well
as the ‘aquatic biocoenosis’. Moreover, they may act as a vector for a large number of pathogens
and some other invasive species. MPs may also influence the ‘predator-prey interactions’ and the
community structure by interfering with the inter- and intra-species signaling in the ecosystem

(Besseling et al., 2014).
[Figure 1]

6. MPs treatment technologies
6.1. Physical treatment
6.1.1. Adsorption through biochar and activated carbon

Biochar (BC) and activated carbon (AC) are extensively used as an adsorbent to treat
stormwater containing MPs and NPs (Ahmed et al., 2016; Mohan et al., 2014; Mohanty et al.,
2018; Sommer et al., 2018). Adsorbent surface area and porosity are two major properties for
effective removal of MPs (Siipola et al., 2020). Siipola et al. (2020) reported that steam activated
BC (at 800 °C) was most suitable adsorbent for MPs removal, even with relatively low surface
area (200—600 m?/g). Despite the small surface area (187 m?/g) with macro-scale porosity, spruce

bark AC resulted in better performance for MPs retention than pine bark ACs with surface area
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556-603 m?/g. Activated BC effectively retained large size MPs particles, whereas 10 um spherical
microbeads did not adsorb as efficiently. Hence, meso- and macro-porosity can be very beneficial
for the removal of MPs. The BC surface roughness may influence the retention of large MPs
particles most likely through physical attachment. They also found that PE particles and fleece
fibers were 100% retained, although the mechanism of MPs adsorption is yet to be identified
(Siipola et al., 2020). Both BC and AC may act as a filter when packed in a column for MPs
removal (Zhang et al., 2020a). Therefore, adsorption with AC or BC via a filtration setup is an
economical process to remove MPs.
6.1.2. Membrane processes

Membrane technologies such as UF, microfiltration (MF), RO and MBR have increased the
removal efficiency of MPs and NPs. In the last five years (2015-2020), the application of
membrane technology in MPs removal was only reported in 13% studies, with other treatment
processes accounting for 87% of studies. The combination of a porous membrane with a biological
process (i.e. MBR) could enhance the rate of MPs removal from primary effluent up to 99.9%
(Talvitie et al., 2017a). Membrane material, pore size, thickness and surface characteristics affect
the performance of the membrane process. In membrane filtration, the major drawback is the
fouling phenomena which occur by adsorption of particles on the membrane surface. Following
fouling, membrane filtration performance will be decreased which resulted in higher energy cost,
operation time and maintenance (Malankowska et al., 2021). Enfrin et al., (2019) briefly reviewed
and revealed that MPs could interact with the membrane surface because of their intrinsic
physicochemical properties such as hydrophobicity, surface charge and roughness. Nevertheless,
membrane technology is highly efficient in the removal of low-molecular weight contaminants
such as small MPs (<100 pm) and NPs.
6.1.2.1. Ultrafiltration

UF is represented as the most effective and economical process. UF is a low functioning
pressure (1-10 bar) driven membrane process, which can separate dissolved macromolecules and
tiny suspended particles in the colloid size range whose molecular weight is higher than a few
thousand Dalton from feed fluid. It permits to move solvent and low molecular weight solutes
(microsolutes) through the membrane in the range of pore size 0.001-0.1 pm (Basri et al., 2011).
Sun et al., (2019) reported that polyethylene (PE, ~4%-51%) is the most abundant types of polymer.
Owing to the large particle size, PE particles can be fully removed through the UF membrane (Ma
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et al., 2019). UF with a nominal size of 0.2 um in MBR offered 100% removal of MPs. A detailed
schematic diagram of MPs behavior during the coagulation and UF processes is shown in Figure
A6. Overall, UF membrane treatment can be applied to eradicate PE particles, especially with UF
and coagulation combination. Pilot-scale UF-MBR hybrid treatment also showed an adequate
performance to remove MPs. The pore size of the UF membrane is similar to MPs (Enfrin et al.,
2019), but MPs also interact with UF membrane surface and may cause abrasion due to their
irregular shape which reduces the filtration performance.

6.1.2.2. Reverse osmosis (RO)

RO is the most common and promising process to treat wastewater (Ibrar et al., 2020). The
high pressure applied in the RO membrane process enhances treatment efficiency, but may produce
nano plastic particles from MPs by fragmentation (Enfrin et al., 2019). Ziajahromi et al. (2017)
studied the performance of RO process to removal MPs from a WWTP in Sydney, Australia. They
reported that screening and sedimentation, biological treatment, flocculation, de-chlorination
processes and tertiary UF treated effluent reduced plastic particles from 2.2 MPs/L to 0.28 MPs/L,
which was finally treated by RO to reach 0.21 MPs/L. Overall, the RO process is not particularly
efficient for MPs removal but the application of combined UF-RO/MBR-RO processes may
enhance the removal efficacy.
6.1.2.3. Dynamic membrane (DM) technology
The development of DM technology has attracted interest. DMs can be classified into self-formed
and pre-deposited (Hu et al., 2018). DM acts as a secondary membrane when particles and other
foulants in wastewater are filtered by forming a cake layer in supporting membrane surface
(Ersahin et al., 2012). Instead of the traditional membrane, larger pore-sized mesh or other low-
cost porous materials such as non-woven fabric or woven filter cloth and stainless steel are used
as a supporting layer. DM technology is more effective to removed low density (poor settling) and
non-degradable MPs because of the swiftly formed secondary membrane (DM layer) with micro-
particles (Li et al., 2018e). In recent years, DM technology is an effective option to filtrate MPs
from synthetic wastewater under a gravity-driven operation. Low TMP, low filtrate resistance and
easy cleaning are the main benefits of DM (Li et al., 2018e). Li et al., (2018e) designed and
operated a lab-scale DM filtration using 90 um supporting mesh, and reported about 90% of MPs
removal from synthetic wastewater. The DM formation is essential in DM technology to resist the

higher number of microparticles in wastewater filtration. After 20 min of MPs filtration, the
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effluent turbidity has been reduced to <1 NTU (Nephelometric Turbidity Unit) which verified the
rapid formation of DM inducing better MPs removal performance.

In contrast to MF and UF, DM filtration process has shown lower TMP value which indicates
the reduction of energy consumption (Li et al., 2018d). The most substantial TMP value observed
is 16 times lesser than conventional MF at 30 kPa (Huang et al., 2017). Overall, DM technology
showed excellent performance to remove micro-contaminants including MPs during wastewater
treatment, and mitigated the disadvantages of membrane fouling in MBR. The combination of DM
technology with coagulation or activated sludge process can be highly effective to remove micro-
contaminants and MPs in wastewater treatment (Li et al., 2018d). Further research is needed to
unravel the mechanism of DM layer formation.

Overall, membrane treatment technology is not specially designed to remove MPs efficiently,
due to common issues of membrane fouling and decreasing water flux. More research should be
devoted to minimize the membrane abrasion and fouling in membrane-based treatment technology.
However, membrane treatment technology can be attractive if it is combined with biological

process such as MBR or chemical process such as coagulation.

6.1.3. MPs removal in primary treatment
Many studies showed that conventional WWTP with primary and secondary treatment could
remove MPs up to 99.9% from wastewater (Table A9). Most of the MPs were removed during
pre-treatment stages i.e. preliminary (35-59%) and primary treatment (50-98%) (Sun et al., 2019).
Sun et al., (2019) reported that higher MPs concentration (9x10* - 447 particles/L) of effluent
present after primary and secondary treatment process than from a tertiary treatment process (0-
51 particles/L). They also reported that large particles (1-5 mm) were clearly reduced from 45%
to 7% after the primary treatment process.
6.1.3.1. Screen

Zhang et al. (2020a) used fine screen (mesh size 2.5-10 mm) to remove larger size MPs (> 2.5
mm) during primary wastewater treatment, as coarse screen (mesh size 50-100 mm) and medium
screen (mesh size 10-40 mm) were not capable of removing MPs. Ultrafine screen (mesh size 0.2
-2 mm) was used before MBR as an alternative for primary sedimentation to prevent membrane
fouling, which is the main obstacle of MBR. Therefore, the larger size of MPs (> 0.2 mm) could
be removed from the wastewater, when the ultrafine screen was employed. Due to MPs' irregular
shape, some larger MPs could still pass through the ultrafine screen.
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6.1.3.2. Density separation

Density separation is the most reliable and commonly method for the separation of MPs/NPs
from sediment or water samples by the density difference between materials of interest and other
unwanted materials (Schwaferts et al., 2019; Wang and Wang, 2018). Mainly it is used to isolate
the MPs from the environmental samples, particularly sediment samples (Hidalgo-Ruz et al., 2012).
Most plastics have a density of 0.8-1.70 g/cm?, compared with 2.65 g/cm? for sand and sediment,
which sink to the bottom (Wang and Wang, 2018). It is difficult to remove MPs from water samples
because of their density being close to water (Table A10). Flotation may be used after primary
sedimentation in wastewater treatment plants to improve MPs separation. The low-density MPs
(e.g. PP, PE) and moderate-density MPs (e.g. PS) will float at the surface of the wastewater. In
density flotation method, saturated NaCl and Nal solutions was widely used to increase the density
of water from 1 g/cm?® to 1.2 g/cm® and 1.8 g/cm?, respectively (Enfrin et al., 2019), so that low
densities MPs float more easily even the denser PET. Few studies reported that the majority of
MPs was removed in the primary treatment stage of WWTP, mainly in skimming and settling
processes (Carr et al., 2016; Lares et al., 2018). Murphy et al., (2016) observed that the majority
of microbeads (PE) were effectively removed via skimming. A great amount of MPs was picked
up through skimming of floating debris in primary treatment since lower density MPs can float on
wastewater (Carr et al., 2016; Murphy et al., 2016). Saturated NaCl solution was widely used due
to low cost, widely available and environmentally benign (Li et al., 2018b; Van Cauwenberghe et
al., 2015) (Table A10). It can be seen that fragments (PP, PE, PET) and fibers (PES, PET, PA) are
the most abundant MPs in wastewater. Small amount of granular (PE), film (PP, PE, PA), and
foams (PU, PVC, PA) are also found in wastewater (Enfrin et al., 2019; Lares et al., 2018; Sun et
al., 2019; Talvitie et al., 2017a). PE, PP and PS were dominated plastic types in some wastewater
samples (Murphy et al., 2016; Ziajahromi et al., 2017). Other studies found that polyamide (PA)
was the abundant (54.8%) type of MPs in wastewater followed by PE (9.0%), PP (9.6%) and PVC
(2.5%) (Liu et al., 2019c). PE is the most abundant MPs in effluents of different WWTPs
(Ziajahromi et al., 2017). PES was highly detected in the final effluent of a Scottish (28%) (Murphy
et al., 2016) and an Australian WWTP (67%). However, the saturated NaCl solution is less
effective to separate denser MPs including PVC (1.3-1.7 g/cm?) and PET (1.4-1.6 g/cm®) (Wang
and Wang, 2018). To overcome this problem, some high-density salt solution including sodium

iodide (1.8 g cm™) (Wang and Wang, 2018; Ziajahromi et al., 2017), calcium chloride (1.30-1.35
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g/cm?) (Stolte et al., 2015), sodium polytungstate (1.4 g/cm?) (Corcoran et al., 2009; Zhao et al.,
2015) and zinc chloride (1.5-1.7 g/em®) (Maes et al., 2017; Mintenig et al., 2017) were used to
increase the extraction efficiency of denser MPs. The density of brine solution has been
recommended to be >1.45 g/cm? for the separation of all plastic polymers from sediments (Van
Cauwenberghe et al., 2015). Majewsky et al., (2016) reported 85% and 91% recovery rates of PE
and PVC respectively, when ZnCl solution was used for primary density flotation separation.
Quinn et al. (2017) recommended 25% ZnBr, (1.71 g/cm?) solution for density separation which
will allow the flotation of PP, LDPE, HDPE, PE, PS, PVC, PET and PA. By using saturated NacCl,
Nal and ZnBr, Quinn et al. (2017) observed higher recovery rates of 200-400 pm MPs. Moreover,
ZnCl, (1.7 g/em?) brine solution recovered 100% of large size (1-5 mm) and 95% of smaller size
(< Imm) MPs from marine sediments. They also recovered 91-99% large size (1 mm) and 40%
smaller size (40-309 um) MPs particles using density separation method. However, heavy salts or
higher density solutions are often used which are costly and even hazardous (Nal) for the
environment.

6.1.3.3. Grit chamber/primary sedimentation

High-density contaminants (> 1.5 g/cm?) such as sand and cinder (density around 2.65 g/mL) are
separated by grit chamber. Some MPs may be attached on the sand and then settle together in grit,
and can be easily removed from the stream. The specific densities range of most of the MPs are
0.8-1.7 g/mL, while PET, PVC and polytetrafluoroethylene (PTFE) are exceptional. PET and PVC
have density varied from 1.38 to 1.41 or 2 g/mL, and PTFE has a density 2.10-2.30 g/mL. Density,
travelling distance (D) and water flow (V) are the main parameters of grit performance. The MPs
will be removed when the MPs settling time is smaller than the D/V. Blair et al. (2019) reported
the lower removal efficiency (~6%) of MPs during grit. Generally, two types of grit are applied in
wastewater treatment, horizontal and aerated grit chamber. In aerated grit, the lighter MPs were
also eliminated along with sediment. For this reason, the aerated grit chamber showed better
performance than horizontal grit chamber. Around 60% of 50 pm sized MPs in the wastewater can
be removed in aerated grit (Yang et al., 2019). Liu et al. (2019¢) demonstrated that large size
particles could be efficiently retained from wastewater by the grit and aerated grit chamber (with
6 mm sized screen). In contrast, the smaller MPs are easily absorbed by sludge and settled during
the secondary treatment process. They found that after the primary treatment, the reduction rate of

MPs was 40.7% when treated with the coarse and fine grit, aerated grit chamber, and primary
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settlement tank. The combination of preliminary (screening, Grit and grease process) and primary
settle treatment could improve the efficiency of removing MPs. Few studies reported that Grit
chamber and primary settling tank more efficiently decreased the concentration of MPs from
wastewater influent through skimming and settling process (Carr et al., 2016; Lares et al., 2018).
This process is effectively used as a first stage of the WWTPs. Murphy et al., (2016) observed that
preliminary (grit and grease with screen) and primary settle treatment combinedly removed 78.3%
MPs from the wastewater. A very recent study showed a higher MPs removal efficiency (69-79%)
by screening and grit removal process (Ziajahromi et al., 2021). Moreover, Sun et al., (2019)
reported that preliminary treatment including coarse screening, fine screening and grit removal
phases also shown better performance with 35-59% removal efficiency of MPs from wastewater.
Consequently, preliminary treatment may play an important role in MPs removal. The grit removal
and primary sedimentation process can be used as an effective pre-process in wastewater treatment,
but not sufficient for small sized large scale MPs removal. In summary, primary treatment is able
to remove large sized MPs in WWTP by 60-98%.
6.1.4. Filtration using granular media

Filtration is an effective process applied after density separation process to retain the MPs
particles from bulk water samples or supernatant solutions. Various types of filter media are used
in filtration process, among which glass fibers are the most frequently used, followed by
nitrocellulose and polycarbonate (Wang and Wang, 2018). The most frequent used pore size of
filters is 0.45-1 um. Because of the microscopic particulates or debris in liquid, performing filter
media was lowered by clog formation. To overcome this issue, ferrous salt is added to flocculate
solid fraction and set a pre-filtration step with large pore size filter (Crawford and Quinn, 2017).
6.1.4.1. Granular activated carbon (GAC) filtration

GAC is widely used to remove various micro-contaminants from wastewater through a
combination of biodegradation and physical adsorption. However, GAC is mostly combined with
coagulation and sedimentation processes in drinking water treatment plant to remove MPs (Wang
et al., 2020b). In an advanced drinking water treatment plant in China, the overall removal
efficiency of MPs reached up to 82.1-88.6% (from 6614 + 1132 to 930 + 71 MPs/L) with sand
filtration, sedimentation, ozonation and GAC filtration. GAC filtration only showed 56.8-60.9%
of MPs removal efficiency mainly for small size MPs (Wang et al., 2020b). Granular filtration

showed high ability range to filtering out MPs from 86.9% * 4.9% (removal for middle sized
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particles,10-20 pum) to 99.9% £ 0.1% (removal for large sized particles,106-125 pum) (Zhang et

al., 2020c). By additional GAC filtration during drinking water treatment, Pivokonsky et al., (2018)
reported the average 81% and 83% removal efficiency of MPs (< 1 um) in two plants (Table A11).
Wang et al., (2020b) showed that the particles size between 1-5 pm was efficiently removed (73.7—
98.5%) by GAC filtration process. They also revealed that GAC filtration efficiently removed
different types of MPs, including fibers (38-52.1%), spheres (76.8-86.3%) and fragments (60.3—
69.1%). Therefore, GAC filtration process would be an effective technology for MPs removal at
low MPs concentration ranges. However, the mechanism to remove MPs in GAC is yet unclear.
6.1.4.2. Rapid sand filtration (RSF)

Due to the low operational and maintenance cost, RSF is the most widely applied water
treatment worldwide. In the presence of three layers (anthracite grains, silica sand, and gravel),
RSF is accelerating to grab suspended solids either by physical adsorption or mechanical straining
(Figure A7). RSF very efficiently removed solid particles such as MPs from wastewater in the
WWTPs (Simon et al., 2018). By the hydrophilic interaction, MPs are adhered to the surface of
the sand grains or adsorbed with silica grains and clogged the second layer, which reduces the
performance (Enfrin et al., 2019). Previously used coagulation process can increase the production
of RSF to reduce the concentration of MPs from wastewater effectively. The addition of coagulant
could further improve the adherence (Talvitie et al., 2017a). Enfrin et al. (2019) reported that
NPs/MPs adsorption was hard to reverse due to the presence of functional groups such as hydroxyl
groups on the surface of NPs/MPs resulting in the stronger interaction (Cai et al., 2018).

In a pilot-scale RSF tertiary treatment in Kakolanmaki WWTP, Turku City, Finland (Talvitie
et al., 2017a), RSF process removed 97% MPs (0.7-0.02 MPs/L). of all shapes and size, even the
smallest size fractions of 20-100 um. Hidayaturrahman and Lee (2019) revealed that the removal
efficiency of MPs in RSF stage was 73.8%, and the overall removal rate was 98.9% when using
the RSF in tertiary stage with coagulation process. Therefore, RSF was regarded as a suitable
technology for MPs removal at low MPs concentration range. These studies showed that MPs
removal efficiency in RSF process is smaller than the MBR process. Thus, RSF process can be
very attractive if this process is combined with other treatment process such as coagulation.
Moreover, the efficacy of RSF process is more significant than dissolved air flotation, GAC and
membrane filtration, demonstrating its potentials as an effective process for MPs removal in

WWTP.
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6.1.4.3. Disc filter

Disc filter (DF) is a promising technology to decrease the concentration of MPs in wastewater
treatment effluent. Many studies reported that micro screen filtration with DF was applied in the
final polishing stage of different WWTPs in many countries (Hidayaturrahman and Lee, 2019;
Talvitie et al., 2017a). DF as a full-scale tertiary treatment was used in Viikinmaki WWTP at
Helsinki (Talvitie et al., 2017a). Particles were removed with sludge cake formation inside the
stacks of round filter based on the physical retention in filters. To remove the sludge cake, high-
pressure backwash was executed. The pore size of filter mesh which is a woven material, typically
PP, polyester or polyamide, is generally 10-40 pm. Coagulation step before this process enhanced
the removal efficiency. Hydraulic retention time, water flow, membrane fouling and pore size are
the main factors of DF process. Membrane fouling also occurred in disc-filters and led to more
frequent high-pressure backwash (Talvitie et al., 2017a). Due to this high-pressure backwash to
clean DF, the secondary membrane layer (biofilm layer on DF) can be lost and MPs easily pass
through membrane. Hidayaturrahman and Lee (2019) reported an overall MPs removal efficiency
of 99.1% in a WWTP with membrane disc-filter (10 um pore size), while the MPs removal
efficiency of 79.4% at DF stage. In another study, Talvaite et al. (2017a) observed the removal
performance of various types of MPs by DF in a WWTP effluent was 40-98.5%. With DF, the MPs
concentration was reduced from 0.5 to 0.3 MPs/L with 10 pm filter and from 2.0 to 0.03 MPs/L
with 20 pm filter. Generally smaller sized filters shown higher removal efficiency for MPs.
However, the opposite result in this investigation was owing to the interruption of preceding
treatment stages. After that, DF can effectively remove all shapes and size fractions, however, a
portion of smallest size fraction (20—100 um) passes through the filter entering the final effluent
(Talvitie et al., 2017a). From the literature review the DF offered a comparatively low efficiency

in MPs removal.

6.1.5. Flotation processes

Wang et al. (2019b) reported that selective flotation could easily remove fine plastics. Flotation
with elutriation, combined with a most commonly used hypersaline solution (density flotation) or
a surfactant such as sodium dodecyl sulfate, is widely applied for the isolation of MPs from
seawater samples. Carr et al. (2016) separated MPs from WWTP influent by using the elutriation
method, which was developed by Claessens et al. (2013) to isolate MPs from sediments. The MPs
were isolated by exploiting their inherent buoyancies based on a combination of water flow and
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aeration. Thanks to many MPs' low density and buoyant properties, flotation is a suitable process
for those MPs removal from wastewater (da Costa et al., 2016; Di and Wang, 2018). One of the
popular flotation processes is dissolved air flotation (DAF), where water is aerated to forming
dispersed water at high pressure after processing to promote flocs formation by coagulation, to
remove the flocculent materials and remaining suspended compounds including total suspended
solids, oil and grease based on their buoyancy. To augment flocculation, flocculation chemical or
coagulant is added to wastewater before the flotation. DAF was examined as a full-scale tertiary
treatment plant at Paroinen WWTP in the city of Hameenlinna, Southern Finland (Talvitie et al.,
2017a). During flotation, low-density MPs were efficiently removed by transported to the surface
of the flocs due to their buoyancy and floated to the water which were removed by skimming
(Talvitie et al., 2017a). Enfrin et al., (2019) reported that this process led to 20-70 um sized air
bubbles dispersed in water, which adhered to the suspended matter (flocs) and resulted in an air-
solid complex to float to the water surface, from where it is removed by skimming. Talvitie et al.,
(2017a) reported 95% removal performance of various types of MPs by DAF process from the
WWTP effluent. They also indicated that dissolved air floating removed any sized of MPs with
the smallest size of 20—100 pm. However, there have been insufficient investigations to assess the
performance of DAF in removing MPs under various conditions such as density, size, shape, and
composition of MPs. Thus, there is a striking research gap for future study.
6.1.6. Magnetic separation process

Among all other extraction methods such as flotation (density separation), chemical digestion
and sieving or filtration, magnetic extraction is used to isolate the small-sized (< 20 pm) MPs
effectively. Magnetic separation is the most reliable for the separation of MPs/NPs from sediment
or water samples under magnetic force, although is not suitable for MPs removal in WWTP. This
method is particularly effective for small-sized MPs, because of their large surface area to volume
ratio which enhances the binding affinity of MPs with Fe nanoparticles. Grbic et al. (2019) recently
observed the performance of magnetic extraction for MPs isolation from seawater, freshwater and
sediment. Fe nanoparticles were coated with hexadecyltrimethoxysilane (HDTMS) to create the
hydrophobic characteristics for allowing binding with MPs, which helps to isolate the MPs from
water under a magnetic field (Figure A8). The hydrophobization mechanism of Fe nanoparticles
is that the methoxysilane group (-Si-OCH3) of HDTMS reacts with hydroxyl groups in the native

oxide layer of Fe and form siloxane bonds (—Si—O—Si—) which are covalently bonded. As a result,
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the hydrophobic hydrocarbon tail (alkyl chain) of HDTMS in Fe nanoparticles' surface makes
hydrophobic, simplifying to sorption MPs. They reported 92% and 93% removal of small-sized (<
20 pm) PE and PS and large-sized (> 1 mm) MPs from seawater. The recovery rate of medium-
sized (200 um-1 mm) MPs was 84% and 78% from freshwater and sediment. Additionally,
lipophilic substances (e.g. fat in fish tissues) in the sediment samples can negatively affect the
removal efficiency. Therefore, MPs recovery by magnetic extraction process is particularly
suitable for drinking water treatment (Grbic et al., 2019).

6.1.7. Comparison among physical processes

Physical treatment methods can be applied to remove a wide range of MPs from water, with their
average removal efficiencies represented in Figure 2a and their comparison summarized in Table
2. A wide range of MPs can be removed through some filtration process such as GAC filtration,
rapid sand filtration and disc filter. Dissolved air flotation process also attractive to remove MPs
efficiently with the flocculation process. Membrane treatment such as UF, RO and DM technology
can be more effective if this process is combined with MBR. UF process is effective only for PE
MPs removal. Among all other membrane treatment technology, DM technology is a desirable,
cost-effective and highly efficient technology to remove MPs from synthetic wastewater but still
insufficient to remove large scale MPs from wastewater. On the other hand, density separation and
magnetic separation are more efficient to remove MPs from sample water. The adsorption process
1s suitable to adsorb MPs from water but this process was not studied sufficiently. Other physical
process which applied in WWTP has not been studied extensively for MPs removal. Moreover,
among the physical treatment technologies, the quantitative analysis revealed that filter-based
methods showed the better MPs removal efficiency than others. Therefore, filter-based treatment
technologies (UF, RSF, DF, GAC filtration) achieved the best performance in eliminating MPs.
Among them, RSF treatment process provides rapid and efficient removal of MPs. MPs removal
though physical methods followed the order: filtration process > flotation process > adsorption
process > membrane process > magnetic and density separation process. Furthermore, a more
detailed characterization of MPs in different treatment technologies is needed to select the most

suitable methodologies for the efficient removal of MPs from the WWTP effluents.

[Figure 2]

[Table 2]
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6.2. Biological treatment technologies

Secondary treatment in a WWTP assembles the (i) biological treatment processes and (ii)
clarification process, following the preliminary treatment (35-59% MPs removal) and the primary
treatment, removes 50-98% MPs (Sun et al., 2019). Different results have been obtained while
evaluating the efficacy of MPs removal from biological wastewater treatment. Murphy et al., (2016)
reported < 20% MPs removal efficacy while Sun et al., (2019) reported 0.2-14% decrease in MPs
from wastewater in the secondary treatment. Other researchers reported 2-55% removal of MPs in
biological treatment processes (Lv et al., 2019; Yang et al., 2019). These variations in MPs removal
are due to (i) the change of microbes, (ii) nature of the MPs in the wastewater (size, shape, taste,
surface structure), and (iii) abiotic factors (e.g. temperature, pH). Of biological treatment processes,
microbial treatments (activated sludge method, biofilm-related process), MBR technology, aerobic
digestion, AD and CWs have been identified as the most widely used and efficient method for MPs
removal.
6.2.1. Microbial treatment
6.2.1.1. Activated sludge process

In the activated sludge process, the sludge is first completely mixed with oxygen in a reactor,
which incites the microorganisms to use the sludge as their food. MPs removal in this process
occurs via adsorption, degradation or aggregation. Microorganisms secret EPS to absorb the
accessible contaminants as well as MPs and then degrade them to produce desirable products.
Sometimes microbes take MPs mistakenly because of the visual similarity with their nourishments
and then egest them after agglomerating into flocs due to their inability to degrade or transform
the MPs into harmless substances. Activated sludge process along with modified processes such
as anaerobic-anoxic-oxic process, sequencing batch reactor process and oxidation ditch, achieved
3.6-42.9% removal of MPs from wastewater (Carr et al., 2016; Lares et al., 2018; Mason et al.,
2016). Generally, MPs are not degraded or mineralized in the activated sludge processes, but
mainly removed from wastewater by the aggregation with sludge flocs. This process exhibited
discrimination for different sizes and shapes of MPs. For example, Liu et al., (2019a) found that
most of the MPs removed in the activated sludge process were < 300 um in size, whereas other
researchers obtained the most removal efficacy for 1-5mm sized particles (Lares et al., 2018).

Zhang et al., (2020a) suggested that MPs removal variations were due to the difference in the MPs
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shapes, with high MPs removal efficacy for fibre shaped MPs. Since the MP particles are not
completely degraded or mineralized in this process and often end up in sludge flocs, this process
has been followed in only some rare studies to date. Due to the incomplete disposal of the
pollutants, the non-degraded MPs portion present in the sludge further easily incorporate with
terrestrial ecosystems and spread again throughout the entire environment. The fate and treatment
of these non-degraded MPs in sludge phase have been rarely discussed in literature. Hence, more
research is urgently required on the topic.
6.2.1.2. Biofilm process

A tire of micro-organisms growing on the surface of MPs or other carriers is defined as
biofilms. In this process, biofilms undergo periodically three repeating steps of (i) growing phase,
(ii) stationary phase, and (iii) peeling period. After peeling one tire of biofilm, and another new
film starts to form and acts to remove more MPs and other contaminants in wastewater (Zhang et
al., 2020a). Biofilm related processes remove contaminants via adsorption and fixation. Like the
activated sludge process, firstly MPs are adsorbed by the microorganisms with the help of EPS,
secreted by the microorganisms. MPs become an attachable carrier and support the microbes in
their augmentation. After a stationary phase, biofilms start to collapse from the surface of the
carrier, accumulate the contaminants and emerge with the treated water (Figure 2d). Biofilms also
play an important role in the biodegradation of MPs.
6.2.1.3. Biodegradation

Biodegradation is an eco-friendly process compared to other treatment methods, by converting
organic substances into their fragments and eventually CO, (Ahmed et al., 2018; Zheng et al., 2005;
Gu et al., 2000). Biodegradation involves depolymerisation and mineralization. The process in
which complex polymers impair into their monomers, dimers, or short chains of their oligomers,
which can transgress through ‘bacterial membranes’ and act as a source of energy and carbon, is
referred to as depolymerisation. Mineralization refers to the process in which the final products
are water, carbon dioxide and methane. MPs undergo microbial breakdown using the activity of
exoenzymes which promote depolymerisation or assimilation by the microbial species and result
in mineralization (Shah et al., 2008; Yoshida et al., 2016). MPs are usually non-biodegradable but
their biodegradability can be increased in two ways, i.e. by reducing their polymeric chain-length

to such an extent that is accessible for microbial growth, and by increasing their hydrophilicity.
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Biodegradation initiates with the formation of biofilms, which are shoals of microorganisms
attached on various biotic or abiotic surfaces and deflect the surface characteristics and entity of
MPs as well as to improve the hydrophilicity of the surface (O'Toole et al., 2000). Biofilms can be
made of a single microbial species but often by multiple species. The formation and development
process of biofilms involves four stages (i) initial attachment, (ii) irreversible attachment, (ii1)
maturation, and (iv) dispersion. The formation, mode of action and MPs removal by biofilms are

presented in Figure 3.

[Figure 3]

Such type of bio-coatings contributes to MPs removal by acting as (i) a wetting agent for MPs
which modifies MPs surface properties (e.g. density) to help the particles for skimming up or
settling down in wastewater (Rummel et al., 2017), and (ii) the initial step for the postero
biodegradation process.

Various mechanisms for biodegradation of plastics and MPs have been proposed. Lucas et al.
(2008) suggested that the biodegradation of plastics and their fragments occurred first by cleaving
enzymatically the polymers into their oligomers and monomers which were then assimilating by
microbes. Similarly, Gu and Gu (2005) proposed that the biodegradation started with the cleavage
of polymer backbone or its side chains by the act of extracellular enzymes, which resulted in the
formation of smaller polymer units (i.e. monomers, oligomers). In most cases, it involves the
hydrolysis of amides (in polyamides), esters (in polyesters), or urethane (in PU) bonds where the
extracellular enzymes act as catalysts. In addition, abiotic hydrolysis can facilitate the polymers
for cleavage (Miiller et al., 2001). The cleaved and simpler molecules are then absorbed and
metabolized by the microorganisms. These alterations further promote biodegradation
(depolymerisation and mineralization). Plastics and MPs can undergo biodegradation both in the
aerobic and anaerobic environments (Klein et al., 2018), but three main conditions should be
maintained:

1. Presence of appropriate microbes capable of depolymerizing polymer substrate and
mineralizing monomeric fractions by enzymes through metabolic pathways;

i1. Proper environmental conditions for the biodegradation (e.g. temperature, pH, nutrients);
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1ii. Morphology of the polymer substrate should be favourable for the microbial attachments
and formation of biofilms.

In addition, a number of biotic and abiotic factors (Table A15) can affect the uptake and
biodegradation of MPs even though the appropriate microbes are present in the environment. For
the uptake of MPs (as a food of the microbes), physiological characteristics of MPs, their size and
feeding type act as the major biotic factors; while temperature and pH are abiotic factors. The
polymeric substrate's molecular weight, chemical composition, hydrophobicity, size of the invaded
molecules, and other environmental conditions (e.g. temperature) were reported as essential factors.
Obtaining an optimum environmental condition helps to improve the effectiveness of microbial
treatments for MPs removal. A combination of field-based assessments and laboratory-based trials
is required to facilitate the application of microbes for the degradation of different types of plastics
and MPs under different environmental conditions.
6.2.1.4. Microorganisms for microbial treatment

Several studies have reported the ability of some microbes for the degradation and ingestion
of MPs from the environment. These microorganisms were isolated from different ecosystems
(e.g., terrestrial to marine environment) to evaluate their capability in plastics and MPs removal
processes. A large number of marine organisms including amphipods, decapod Crustaceans
(Murray and Cowie, 2011), lungworms and barnacles (Thompson et al., 2004) were reported to
have the capability of ingesting MPs in several studies. Some studies demonstrated the uptake of
MPs by planktons as well as the lungworm Arenicola marina (Besseling et al., 2013) and the blue
mussel Mytilus edulis (\Wegner et al., 2012), while others showed the MPs ingestion by gastropods
and zooplanktons (e.g. Daphnia magna) (Eerkes-Medrano et al., 2015). Planktonic organisms like
chaetognatha, copepods, larval fish, salps, zooplanktons have been detected to uptake MPs (Moore
et al., 2001). Cole et al., (2013) conducted experiments on 13 zooplankton taxa which included
micro-zooplanktons, holoplankton, and meroplankton. However, some negative impacts on the
zooplanktons, such as reduced health function of the individuals, transfer of contaminants in the
food web, were also observed. Along with zooplanktons, primary consumers such as herbivorous,
bacterivorous, detritivorous, and some deposits feeders can also ingest MPs (Scherer et al., 2018).
Even some proofs of MP ingestion were found for protozoa or metazoans (Scherer et al., 2018).
Most importantly, a diversity of invertebrates such as crustaceans, bryozoans, polychaetes,

echinoderms, and bivalves have shown ability to ingest MPs (Murray and Cowie, 2011; ).
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Suspension feeding organisms including cladocerans, rotifers, mussels, protozoans are enthusiastic
to MPs because they swallow suspended particulate matter (SPM) indiscriminately.

Herbivores and bacterivores ciliates (e.g. Halteria sp.), rotifers (e.g. Anuraeopsis fissa),
cladocerans (e.g. Daphnia sp.) and flagellates (e.g. Vorticella sp.) were reported to feed plastic
beads readily. Some aquatic larvae (Chironomus riparius), as well as blackworms (e.g.
Lumbriculus variegatus) showed non-selective feeding on a wide range of sediment MPs. Bivalves
swallow SPM effectively including MPs, where bivalves such as marine mussels (Mytilus edulis),
and freshwater (e.g. Sphaerium corneum, Anodonta cygnea) exhibit size selectivity on particles
(Scherer et al., 2018). Surface-grazing gastropods (e.g. Potamopyrgus antipodarum, Physella
acuta) also demonstrated the ingestion of MPs through both foods associated route (e.g. P
antipodarum) and water sediment-borne route (e.g. P. acuta). Mytilus edulis showed ingestion of
MPs in laboratory experiments. Von Moos et al., (2012) observed the intake of high-density
polyethylene, i.e. HDPE in laboratory experiments by the cells and tissues of Mytilus edulis
although they only ingested particles larger than 80 um. Microbes of different genera were found
to contain such species that have the potential for plastic degradation, including Aeromonas,
Arcobacter, Aquabacterium, Zymophilus and Pseudomonas (McCormick et al., 2014). Various
copepods (e.g. Calanus pacificus, Acartia tonsa, copepodits, crustaceans (e.g. nauplii),
echinoderm larvae, ciliates, Oxyrrhis marina (dinoflagellates), and salps showed their ability to
uptake MPs, although the size of the MPs was limited to <100 pm range (Cole et al., 2013).

Overall, a large number of microbes have demonstrated their capabilities for MPs uptake,
either as their comestibles or mistakenly for various factors of similarity with their nourishments.
Therefore, the uptake of MPs does not necessarily mean biodegradation of those particles.
Sometimes MPs may have been preserved in the microbial body, affecting the microbes by
interrupting their normal biological activities, or may use the microbes as media to diffuse in their
ecosystem. Another significant limitation of microbial treatment is that no such microorganism has
been found that can interact with all types of MPs under any environmental conditions. Microbes
show their selectivity according to the size of MPs, shape of the feeds, taste discrimination, mode
of feeding, variability in locus, and individual selectivity of feeds for MPs uptake. For example,
Tenebrio molitor Linnaeus can chew and swallow styrofoam with the help of their gut bacteria
(Yang et al., 2015) while no evidence has been found for their ability or interest to interact with

other types of synthetic polymers such as PU and PP. Some bacterial strains (e.g. Bacillus cereus,
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Pseudomonas otitidis) were found to degrade only PVC plastic beads (Ali et al., 2014).
Enterobacter sp., Alcaligens sp., Citrobacter sedlakii, Brevundimonas diminuta exhibited their
ability for degradation of high impact PS beads only (Braun, 2004). Ideonella sakaiensis 201-F6,
a bacterial strain has been found to degrade PET into terephthalic acid and ethylene glycol, and
eventually CO; and water in aerobic condition with the help of an extracellular and an intracellular
hydrolase enzyme (Avérous and Pollet, 2012; Joo et al., 2018; Yoshida et al., 2016). Bacillus
cereus, Pseudomonas otitidis and Acanthopleurobacter pedis showed their capability of degrading
PVC while some fungi species (e.g. Lentinus tigrinus, As. fumigatus, As. niger, Phanerochaete
chrysosporium, Aspergillus sydowii) were found to degrade only the plasticized ones (Ali et al.,
2014). A significant extent of degradation in PE shopping bags was observed during the simple
contact of about 100 Galleria mellonella within 12 hours (Yang et al., 2015). Comamonas
acidovorans was found to degrade only PU as a sole nitrogen and carbon source (Zheng et al.,
2005). All of these microorganisms exhibit individual selectivity in MPs uptake. Moreover, the
effect of size and shape of MPs have also been noticed in some investigations. For instance, in
filter-feeding taxa, the maximum particle size for ingestion is determined by the morphology of
mouthparts of the microbes, while in cladocerans, it is determined by the opening width of the
carapace. In laboratory experiments with different sized MPs, Daphnia cucullata exhibited higher
filtering rates for 3 and 6 pm MPs in comparison with the 0.5 pm sized beads where Conochilus
unicornis (rotifer) filtered 3 um MPs more frequently than 0.5 pm MPs (Agasild and Noges, 2005).
Therefore, microbial treatment process of MPs requires the presence of suitable microorganisms,
appropriate environmental conditions, and specific types of MPs in order to obtain higher efficacy
for MPs removal.
6.2.2. Membrane bioreactor

MBR has gained recognition in the last few decades due to its high effluent quality, small
footprint, diversity and scalability. Sun et al. (2019) reported that MPs concentration in wastewater
was reduced from 10044 particles/L to < 450 particles/L by conventional wastewater treatment.
Some researchers showed that WWTP could remove up to 99% MPs (Carr et al., 2016;). On the
other hand, some researchers showed that wastewater treatment was not efficient for the removal
of MPs (Leslie et al., 2017). Despite the high efficiency to removal MPs by conventional
wastewater treatment processes, advanced treatment is required to decrease the number of MPs

from the final effluents (Bayo et al., 2020; Carr et al., 2016; Mintenig et al., 2017; Talvitie et al.,
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2017b; Yang et al., 2019). Lares et al. (2018) observed that MBR treatment technology reduced
the concentration of MPs in influent from 57600 MP/m? to 400 MP/m?, and showed a better
removal (99.4%) of MPs compared to the activated sludge treatment (98.3%). Mintenig et al. (2017)
reported 95% removal of the 20-500 pm MPs. Further, Carr et al. (2016) reported 99.9% removal
of MP from the secondary treatment processes. Michielssen et al. (2016) suggested that MBR is
more efficient than conventional activated sludge process, and removed 99.4% of MPs from
wastewater. Talvaite et al. (2017a) reported 99.9% MPs removal from wastewater by MBR. Blair
et al. (2019) demonstrated that advanced WWTP could efficiently remove MPs in the size range
60-2800 um. The MP particles in the range of 100-200 um in various WWTPs are widely reported
(Carr et al., 2016; Kal¢ikova et al., 2017; Ziajahromi et al., 2017). Talvitie et al. (2017b) revealed
70% and > 95% removal for MP in size range 20-100 pm and 20-300 um in wastewater,
respectively. Among all shapes of MPs, fibers have been seen to dominate the effluent (average
75%) of WWTPs (Dris et al., 2016; Michielssen et al., 2016). Ruan et al. (2019) observed that the
most abundant shape of MPs was fibers in influent (55-71%) which is consistent with previous
studies (Lares et al., 2018). Murphy et al., (2016) detected no PE microbeads in the effluent of
secondary WWTP in Scotland. A few studies have shown that fibers were more effectively
removed than fragments in pre-treatment (Talvitie et al., 2017b), at the same time fragments were
more effectively removed than fibers in the secondary treatment process (Sun et al., 2019; Wang
et al., 2018a). MBR process showed a high removal capacity for all size fractions (especially the
smallest size, 20-100 um) and all shapes of MPs from wastewater compared to other advanced
treatment (Talvitie et al., 2017a). Lares et al., (2018) reported that MBR permeate contained an
average of 0.2 fiber MP/L.However, compared with other treatment technologies, the performance
of MBR seems to be not influenced by the shape, size and composition of MPs. It can be concluded
that MBR is the most promising technology to address MP problem. Further, the effect of MPs on
membrane fouling and the degradation and/or transformation of MPs in MBR should be studied

in the future research.

6.2.3. Anaerobic and aerobic digestion
Aerobic digestion is the natural attenuation process of heterogeneous organic matters or

contaminants by the acts of mixed microbial communities in the presence of oxygen, and occurs
in a warm and moist environment (Mohee et al., 2008). It is also designated as an aerobic

composting process where the organic matter is decomposed via microorganisms that can sustain
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in the presence of oxygen. The common end products are water vapour, CO> and dark brown to
black coloured organic effluents, defined as compost. On the contrary, anaerobic digestion (AD)
process is referred to the attenuation process through which the complex organic materials are
disintegrated in the absence of oxygen as a consequence of metabolic interactions in
microorganisms to yield CO2, methane, ammonia, hydrogen sulphide, water, hydrogen, and other
compost products (Mohee et al., 2008). AD can also be defined as biogasification process that
mainly converts the biodegradable organic wastes to biogases, which can be further combusted to
produce electricity and heat or further processed to become a source of renewable energies (Van
Doren et al., 2017). AD process has drawn attention in recent years because of its capability of
destroying pathogenic microbes, reducing sludge amount, recovering sustainable energy as well
as the production of biogases at the same time. Mahon et al., (2017) analysed the effluents of seven
WWTPs after treatment by AD, lime stabilization and thermal drying, and detected comparatively
lower MPs abundances, hence in favour of accepting AD as an effective strategy for MPs
treatment. Moreover, while treating sludge without and with plastic wastes in AD process,
comparatively high production of biogases in the plastic containing batch proved the feasibility of
plastic waste removal (Mahon et al., 2017).
6.2.3.1. Comparison between aerobic and aerobic digestion for MPs treatment

The rate of digestion for some biodegradable plastic polymers has been found to be higher in
aerobic conditions than in anaerobic conditions. In experimenting with polycaprolactone,
polylactic acid, polybutadiene adipate-co-terephthalate, and starch/polycaprolactone blend in both
aerobic and anaerobic conditions, Massardier-Nageotte et al. (2006) demonstrated a higher
biodegradation in aerobic conditions than under anaerobic condition. Moreover, polycaprolactone
exhibited a significant biodegradability (35%) under aerobic condition while no biodegradation
was observed in anaerobic condition. The biodegradation of polybutylene adipate terephthalate
(Kijchavengkul et al., 2010) and ecoflex® (Witt et al., 2001) has been reported at aerobic
conditions. Therefore, aerobic digestion may be a significant method for the destruction of
biodegradable MPs. Some abiotic and biotic factors (e.g. temperature, pH, enzymes, biosurfactants)
as well some internal and external characteristics of the substrate (e.g. crystallinity, functional
groups, chain flexibility, molecular weight) can influence the rate and extent of biodegradation in
aerobic or composting conditions (Dfimal et al., 2007; Kale et al., 2007; Kijchavengkul et al.,
2010).
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Biodegradation of MPs has gained attention due to its performance of degrading petroleum-
based polymers (e.g. PE, PP) (Gomez and Michel, 2013). In addition, methane production from
AD has made the process more attractive as a contributor to renewable energies, and therefore
offering both environmental and economic rewards. Some of the most commonly used
biodegradable plastics reported are poly(lactic acid), poly(e-caprolactone), poly(B-
hydroxybutyrate), poly(B-hydroxybutyrate-co-11.6%-p-hydroxyvalerate) (Gomez and Michel,
2013; Kolstad et al., 2012).

Abou-Zeid et al. (2001) tested the biodegradability of natural and synthetic polyesters, based
on the percentage weight loss. Natural polyesters such as poly-B-hydroxybutyrate (PHB) and poly
B-hydroxybutyrate-co-11.6%-f-hydroxyvalerate (PHBV) exhibited complete and 60% conversion
in aerobic condition respectively, in just 9 days. Poly(o-caprolactone) or PCL, a synthetic polyester
showed 30% weight loss at the same time. PHBV polymers were found to be biodegraded at about
85% extent within 45 days in the dry aerobic condition in another research (Mohee et al., 2008).
Clostridium, an anaerobic species was found to be capable of hydrolysing PCL and PHB polyesters
in anaerobic conditions (Abou-Zeid et al., 2001; Perz et al., 2016). Other than virgin biodegradable
polymers, some materials have come into the markets with various applications as “biological
products”, “degradable”, “green”, “compostable”, “oxo-biodegradable”, although very few studies
have been performed to determine their biodegradation extent in AD and/or composting process
(Goémez and Michel, 2013).

Gomez and Michel (2013) observed 20-25% conversion of bio-based materials within 50 days
in anaerobic conditions while the additive containing conventional plastics was converted into
biogases only at 2%. They tasted with (i) additives containing conventional plastics (e.g. PET
incorporated with 1% additives, PP with 2% additives), (ii) conventional plastics incorporated with
plastarch and other additives, (ii1) co-polyesters with corn-based plastics, (iv) paper pulp and soy
wax mixture, and (v) plastarch, to compare their relative biodegradability during composting and
anaerobic condition. Plastarch (without additives) were found as the most biodegradable material
while conventional plastics with additives exhibited the smallest extent of biodegradation.

Moreover, some synthetic non-biodegradable MPs interrupted the normal digestion of
biodegradable materials. Wang et al., (2013) investigated the influence of PE-based MPs on the
AD process, and reported a comparatively low rate of methane production from the toxicity of

polyethylene MPs (100-200 particles/g) on the normal activity of the relevant microorganisms.
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The abundances of hydrolytic microbes (e.g. Rhodobacter sp.), certain bacterial genera (relevant
to acidification) and protein utilizing Proteiniclasticum sp. (relevant to acetogenesis) significantly
decreased due to the exposure to PE MPs during AD (Luo et al., 2016; Wang et al., 2018b). MPs
of PET polymers inhibited hydrolysis, acetogenesis and acidogenesis in anaerobic fermentation of
biodegradable polymers via (i) shifting the microbes towards the opposite direction of hydrolysis
and acidification, (ii) raising the ROS (reactive oxygen species) level that causes the death of more
microbial cells (Wei et al., 2019b). The negative impact of PVC MPs also has been reported in AD
system (Wei et al., 2019a). Therefore, aerobic or AD processes have limited performance in
degrading non-biodegradable polymers or MPs. Biodegradable plastics that have predetermined
durability, are strongly recommended to be used as alternatives to non-biodegradable plastics.
Aerobic and AD with appropriate conditions can be applied as an effective way for their
degradation, although the maintenance cost would be higher than that of CWs.
6.2.4. Constructed wetlands

CWs are familiar and natural technology for wastewater treatment with a comparatively lower
cost than other biological treatment methods. Studies have been conducted recently to investigate
the feasibility of MPs removal from wastewater using CWs (Liu et al., 2019b; Ziajahromi et al.,
2020). Vegetated wetlands are the prime locus for detaching, storing, transforming, and finally
releasing MP particles (Helcoski et al., 2020). A few studies have been conducted on the
contribution or performance of vegetated wetlands, including natural and CWs in MPs removal
from polluted water (Helcoski et al., 2020; Wang et al., 2020a). Plenty of macro-invertebrates (e.g.
snails, bristle worms, beetle) have been found in the wetlands capable of playing a significant role
in controlling the accumulation of sludges (Ouattara et al., 2009). Wang et al. (2020a) showed the
effective role of macro-invertebrates in MPs distribution throughout the wetlands. They claimed
that macro-invertebrates of the wetlands ingest a non-negligible amount of MPs. Over 90%
removal efficacy was achieved in both horizontal and vertical flow type CWs. Wang et al. (2020a)
obtained 88% average efficacy of MPs removal in CWs which is comparable with other
conventional tertiary treatment methods of WWTPs, such as biological filtration (84%), dissolved
air floatation (95%), DF (40-98.5%), MBR (99.9%), and sand filters (97.1%). 98% MPs removal
efficacy was obtained through the whole WWTP when CWs were used in its tertiary treatment
steps. Therefore, CWs can be an efficient, environmentally friendly and cost-effective tertiary

treatment process to reduce MPs significantly from wastewater. Moreover, the efficacy can be
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enhanced through integrating different features of different types of CWs (e.g. surface flow CWs,
subsurface flow vertical type, subsurface flow horizontal type CWs). Therefore, further combined
applications of such different CWs are strongly recommended for MPs removal from wastewater.
6.2.5. Comparison among different biological processes

Biological treatment methods can be applied to remove MPs at a significant extent from
different environmental conditions. A comparison between the efficiencies of different biological
treatments is represented in Figure 2b. MBR process and CWs showed the best efficacy among
all of them. Conventional activated sludge process also reached similar removal percentage, but
only in limited works. It is difficult to declare any exact removal percentage for microbial treatment
processes because they always fluctuate according to the microorganisms involved. On the other
hand, aerobic digestion and AD can be applied efficiently only for biodegradable MP particles. A
comparative overview of the biological methods, their advantages and drawbacks are summarized
in Table 3. The removal of MPs via biological methods decreased in the order: MBR > CWs >
activated sludge > microbe processes. The MBR process and CWs have potential in leading

biological methods of MPs removal.

[Table 3]

6.3. Efficacy of chemical treatment technologies of MPs

In addition to physical and biological methods, chemical methods are used in MPs treatment
purposes, either on their own e.g. chemical oxidation, advanced oxidation process, coagulation,
and EC, or used as an aid to improve the efficiencies of physical processes (e.g. density separation
process, elutriation). Several approaches e.g. catalytic, thermal, photo-oxidative and chemical
(ozonation, advanced oxidation) degradation of waste plastic materials have been discussed in
multiple studies.
6.3.1. Oxidation

Several studies have reported MPs removal by oxidizing agents (e.g. ozone, hydrogen
peroxides, oxidizing acids) as well as some advanced oxidation methods (e.g. electro-Fenton
process, photo-Fenton process). Eventually, chemical oxidation aims to mineralize the polymeric
substances and convert them into CO,, water and other minerals. In some cases, radiation from
different sources (e.g. UV-vis radiation, solar energy), electric current, and ultrasound are used to

improve the efficiencies of these oxidation process (Miao et al., 2020). Advanced oxidation
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processes (AOPs) have gained much attention in recent years, by mineralizing the targeted
substances by producing highly reactive oxidizing species (e.g. “OH" radicals) under moderate
conditions (Klavarioti et al., 2009). Although many AOPs have been developed and implemented
for wastewater treatment purposes (Feng et al., 2011), very few of them are used for MPs treatment.
Ozonation, photo-Fenton, electro-Fenton method, photocatalytic oxidations are the most widely
used and efficient methods.

6.3.1.1. Ozonation

Ozone is known as one of the most potent ancient oxidants that can react with various polymeric
substances, with the unsaturated bonds as well as the aromatic rings of the polymers (Ahmed et
al., 2017). Although very few studies have been reported on the influence of ozone in MPs
treatments, several studies have corroborated its effective influences on polymer degradations
(Chen et al., 2018), via highly reactive secondary oxidant species (e.g. hydroxyl radicals). This
process is applied either as a direct treatment method for MPs removal or used to improve the
efficacy of some conventional biological methods by facilitating biodegradation of the suitable
polymers. There is some evidence of significant changes in PE, PP, PET polymers exposed to
ozone. For instance, Chen et al., (2018) reported a high polymer degradation rate (> 90%) at 35-
45 °C by exposure to ozone. Ozonation may facilitate polymer degradation by increasing polymer
surface tension, boosting the polymer surface's adhesion properties, reducing hydrophobicity and
increasing solubility, reducing intrinsic viscosity, and decreasing melting points of the polymers
and modifying mechanical properties. Hidayaturrahman and Lee (2019) obtained the highest MPs
(particle size 1-5 pm) removal efficiency in ozonation method (89.9%) compared to other
advanced treatment methods such as membrane disc-filter (79.4%) and rapid sand filtration
(73.8%). These methods followed the other primary and secondary treatment methods and
coagulation (Figure A9). Moreover, enhancement of 17.2-22.2% removal efficacy was obtained
by integrating the GAC-filtration method with ozonation. There is evidence of enhancing
microbial mineralization and removal efficacy of MPs with ozonation. In a laboratory-based ozone
investigation, mineralization of B-'*C PS films by Penicillium variabile was found to be increased
significantly from 0.01+£0.003% to 0.154+0.03% (Tian et al., 2017). These cases proved that
ozonation could be used as a useful tertiary treatment step in wastewater treatment. The main
challenge with ozonation is the high production cost of ozone and environmental issues (Ahmed

etal., 2017).
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6.3.1.2. Fenton process

Fenton process has been one of the most widely used AOPs for wastewater treatment. In this
process, highly reactive hydroxyl radicals are generated from the reaction of hydrogen peroxides
(H,02) and Fe?"-containing heterogeneous catalysts, which further drastically oxidize the targeted
organic impurities and other contaminants to CO,, water and mineral products. This process
enhances the oxidation power of hydrogen peroxides with the help of an iron-catalyst. As iron is a
non-toxic and abundant element of the environment, this method has become popular. MPs are
rarely affected by Fenton process. Tagg et al. (2017) examined the influence of Fenton’s reagent
on PE, PP and PVC MPs, and observed no significant changes in any of the MPs even at three
different doses of H2O, and Fe?'-containing catalysts (i.e. FeSO4.H>0). An average of 25.49%
removal efficacy was obtained within 24 hours through this modified Fenton process. A significant
effect of pH was observed, as an enhancement of 1.69%-3.89% removal efficacy was attained by
adding sodium pyrophosphate as a chelating agent (at pH 7.95). Overall, more investigation is
required for the effective implementation of the Fenton process in MPs treatment.
6.3.1.3. Electro-Fenton (EF) process

To overcome the limitations of classical Fenton process, EF method has been newly developed
in which the primary oxidant (H203) is generated electrochemically under moderate conditions (de
Luna et al., 2012), with the rest of the process being the same as the classical Fenton process
(Ganiyu et al., 2018). Despite being a popular AOP for wastewater treatment, very few studies
have been reported on MPs treatment with this process. Miao et al. (2020) applied EF method to
degrade PVC MPs and obtained 75% dechlorination and 56% weight loss efficacy within 6 hours
of the experiment at 100 °C. TiO2/C cathode was used to gather such higher efficiency, compared
with only 29% dechlorination efficacy using graphite cathode. As this method is effective for PVC
MPs, this can be a potential method for other chlorinated species such as 2,4-dichlorophenol, PS,
PP and PE also (Miao et al.,, 2020). More modification in cathodic materials and other
environmental conditions may make this method more efficient in future.
6.3.1.4. Photo-Fenton process

The photo-Fenton process is another efficient AOP approach for MPs treatment, which utilizes
UV radiations to produce ‘OH™ radicals from hydrogen peroxide molecules in the presence of iron
catalysts and to destruct the targeted contaminants effectively (Ahmed et al., 2017). Enhanced

production of the reactive hydroxyl radicals and a higher rate of propagation is induced in acidic
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or near-neutral pH conditions. In such pH range, Fe*" ions from the catalyst substances form
different light absorptive hydroxyl complexes (e.g. [Fe(OH)]**, [Fe(OH):]*), which further
generate Fe?" ions and ‘OH radicals by utilizing the absorbed UV/visible light energy. The
produced oxidized reactive ligands then transform or mineralize the target microcontaminants
through different reactions (De la Cruz et al., 2012). This process is more rapid than the traditional
Fenton process, and recycling of Fe** ions can occur at a higher rate. Instead of hydroxyl radicals,
sometimes alkyl radicals can also be generated in the same way. Fe** ions precipitate easily by
forming amorphous ferric oxyhydroxides at higher pH range. Consequently, it becomes hard to
recycle the Fe?" ions (Ahmed et al., 2017). Therefore, the entire process should be conducted at an
optimum low pH condition. While traditional Fenton process failed to induce significant changes
on MPs with the single effort of its produced "OH radicals, UV irradiation was reported to enhance
the rate of this oxidative degradation. Feng et al., (2011) reported over 99% mineralization of
cross-linked sulfonated PS foams within only 250 minutes in photoassisted Fenton process.
Despite being one of the widely used AOPs in wastewater treatment, research on this method for
MPs treatment purpose is limited and should be strengthened.
6.3.2. Photolysis and photocatalytic degradation

Photolysis has been used in wastewater treatment processes to remove various contaminants
(Ahmed et al., 2017). There is evidence that MPs can also be decomposed into the ultimate end
products (water and COy) if they are irradiated to UV-radiations for a particular length of time (Tao
et al., 2019). The major problem is the lower rate of degradation in the natural weathering process.
Brandon et al. (2016) experimented with two types of MPs (PE and PP) under natural weathering
conditions, and observed only a slight change with the help of FTIR analysis after 3 years. The
prolonged degradation of MP particles resulted in hydroxyl, carbonyl groups, C=0O bonds, and
other minor products. Among the very few studies on the degradation mechanism, luminance and
salinity of the corresponding media have been found to affect the degradation of MPs in aquatic
environments (Padervand et al., 2020). Enhanced degradation of MPs was observed in the artificial
seawater system where no significant deterioration was sighted at the same periods when the MPs
were exposed to UV-radiations alone. Both SEM images and FTIR analysis of the initial and end
materials confirmed that the salinity of media could facilitate the photodegradation of MPs
(Karlsson et al., 2018). Additional chemicals are being used to enhance the photo-degradation rate

of MPs, as photocatalysis has gained popularity during the past few years for MPs treatment.
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Photocatalysis process initiates with the excitation of the corresponding photocatalyst through
the absorption of an appropriate amount of energy from a definite light source. This photo-
excitation results in the generation of ‘exciton pair’s which further propagate other reactive species
(e.g. hydroxyl radicals, superoxides) by interacting with moisture or water molecules from the
surrounding environment (figure 4b). The highly reactive radicals then oxidize various organic
contaminants, including polymers effectively (Ali et al., 2016; Padervand et al., 2020; Qi et al.,
2017). It has been proposed to be an energy-efficient, durable, and cost-effective process for
polymer degradation (Tofa et al., 2019).

Different mechanisms of MPs photocatalysis have been proposed, among which hydroxyl
radicals promoting degradation process (Liang et al., 2013) have been mostly granted, and
confirmed via FTIR analysis of the generated intermediated compounds during the degradation
process. Various nanostructured semiconductors are used as photocatalysts to generate the desired
reactive species, of which metal oxide nano-materials having semiconducting properties with a
particular bandgap (ZnO, TiO2) are most appropriate. As photocatalysis is a type of surface
phenomenon, nano-sized materials are especially used because of their high surface to volume
ratio. ZnO nanoparticles are considered as one of the most promising photocatalysts due to their
appropriate bandgap for catalysis (3.37 eV), high redox potential, non-toxicity, excellent electron
mobility and optical properties, ease of synthesis, and flexibility in sizes and shapes to be formed
(Q1 et al., 2017). Photocatalytic degradation of LDPE based MPs was investigated through
heterogeneous rod-like zinc oxide nano-catalysts (Tofa et al., 2019).

Photo-active micromotors have gained massive attention during recent years due to their
extensive capability for environmental contaminants remediation and water purification
(Eskandarloo et al., 2017; Zhang et al., 2018). Recently, several studies have been conducted on
the degradation capability and mechanism of TiO»;-based nano-devices and micromotors in
photocatalysis of MPs. MPs have been treated in the photocatalytic process by using Au-decorated
TiOz-micromotors to make this process more efficient (Wang et al., 2019c¢). Protein-based N-TiO>
photocatalysts were also reported to hold the potential of degrading MPs in both aqueous and solid
phases. Ariza-Tarazona et al. (2019) obtained 6.40% mass loss of high-density polyethylene MPs
within 18 hours, while irradiated it with visible light radiations in the presence of N-TiO:
photocatalysts. The catalyst surface area, as well as the extent and nature of interactions between

the MPs and catalyst surface, influenced the removal efficacy significantly (Ariza-Tarazona et al.,
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2019). As this method is very new in MPs treatment compared to the other conventional and
advanced treatment methods, future research is strongly required to obtain more effective and
efficient advanced photocatalysts, so that the method can be successfully applied for MPs
treatment in real wastewater..
6.3.3. Coagulation

As MP particles are tiny in size (diameter < 5 mm), it is highly challenging to separate them
through filtration processes continuously. Difficulties like membrane fouling make them often
inefficient and discontinuous, hence, pre-treatment by coagulation or flocculation before filtration
process will improve filtration efficiency. Coagulation and agglomeration processes are widely
used in WWTPs worldwide to improve MPs removal efficacy through the formation of enlarged
contaminant particles that are more easily separated than their discrete tiny particles (Lee et al.,
2012). Of various coagulating agents used to coagulate and agglomerate the MP particles, iron-
based and aluminium-based salts are used widely. A variety of flocculating agents (e.g. Fe2(SO4)3)
have been found to be capable of aggregating suspended particulate matters and forming flocs that
can impact positively on MPs removal in WWTPs during secondary treatments (Murphy et al.,
2016). Ariza-Tarazona et al., (2019) investigated the role of Fe and Al-based salts as coagulating
agents in removal of polyethene-based MPs, and found that AI** ions showed better performances
in comparison with Fe** ions. Ma et al., (2019) also noticed a comparatively better performance
of Al-based salts than the Fe-based coagulants, with 36.89+1.06% PE MPs being removed
effectively by using AICl3'6H,0O salts as coagulating agents. A higher dosage of AI** was
implemented (15 mmol/L at pH 7.0) to attain such higher removal efficacy than 8.0% removal
with normal doses. They also tested another flocculating agent, polyacrylamide (PAM) for the
same polyethylene MPs removal, and interestingly, the removal efficacy reached 85-90% and 50-
60%, respectively when PAM (3-15 mg/L dosage) was combined with Fe-based (2 mmol/L dosage)
and Al-based coagulants (5 mmol/L dosage). Ariza-Tarazona et al., (2019) also noticed the effect
of PAM in MPs treatment, obtaining enhanced MPs removal efficacy (MPs diameter < 0.5 mm)
from 25.83% to 61.19% by using 15 mg/L PAM.

The size of the MPs is an important factor in the formation and growth of flocs. PAM showed
better performance in the removal of small MPs in comparison with that of the larger particles.
Ariza-Tarazona et al., (2019) reported the removal of MPs was raised as the concentration of the

coagulant (FeCl3'6H>0) was increased, especially for the smaller MPs (diameter < 0.5 mm). Ma
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et al., (2019) also determined the effect of coagulant concentration on the removal of MPs, and
found that 13.27+£2.19% PE MPs was removed using 2 mmol/L FeCl3-H>O coagulant which was
decreased to 6.71+£1.26% with 0.02 mmol/L of the same coagulant. Therefore, selecting
appropriate coagulants and dosage is vital to facilitate the MPs treatment more effectively.

Another new sustainable approach has been proposed recently for the agglomeration-based
removal of MPs (Herbort et al., 2018). This process initiates with the synthesis of active molecular
precursors at an inert atmosphere which are further applied to form ‘bio-inspired’ alkoxy-silyl
bonds through sol-gel reactions. MPs can become adhered to one another and form comparatively
large-sized 3D agglomerates (666% larger particles) through the sol-gel process, which are quickly
removed via cost-efficient filtration methods (Herbort et al., 2018) (Figure A10).

Bio-inspired materials are deliberately prepared having a good extraction ability for a diverse
range of macro- and micro-sized substances. Their extraction capability may vary according to
their molecular structure, the morphology of the precursors and the corresponding hybrid silica-
gels. Herbort et al. (2018) used four different types of hybrid silica-gel from four separately
synthesized precursors to remove a commercially available polyethylene in laboratory experiments,
and obtained > 70% removal efficacy. Among them, N' N*bis((3-(trimethoxysilyl) propyl
carbamoyl) terephthalamide was found as the most efficient precursor (> 95% extraction capacity)
to bind the MPs.

Overall, coagulation or agglomeration of MPs can be an effective step in MPs treatment
process to enhance the efficacy of WWTPs. Moreover, it can play a significant role to overcome
the fouling problems of the membrane-based treatments. The efficacy of MPs removal is
accelerated at high concentration of the coagulant, high pH, and the small size of MPs. Anionic
PAM exhibited better performance compared to that of the cationic PAM in some studies due to
the denser and facile formation of metal-based MPs trapping flocs (e.g. Fe-based flocs). Al-based
salts showed better performance in comparison with the Fe-based coagulants Efficacy of MPs
removal varies with pH, chemical compositions and concentration of the media, and types of the
coagulation agents. In addition, alkoxy-silyl induced agglomeration method can be potentially
effective for MPs treatment.

6.3.4. Electrocoagulation (EC)
EC, electroflotation, and electro-decantation are cost-effective methods compared to the

microbial related methods to remove contaminants from wastewater (Garcia-Segura et al., 2017).
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EC is the advanced technology of chemical coagulation process, which is comparatively cost-
effective, energy-efficient, and amenable to automation, with the help of electrodes. EC process
initiates with the liberation of metal ions from the sacrificial electrodes via the electrolysis process.
Primary electrodes are connected to the external electric source and are monopolar (anode and
cathode). For convenience, the sacrificial electrodes are made bipolar which break down to form
metal ions during the electrolysis. Often aluminium and iron is used as sacrificial electrodes due
to the capability of AI** and Fe** ions to act as a coagulating agent effectively. The liberated metals
ions in the water stream react with hydroxyl ions of the media to form metal hydroxide coagulants.
These coagulants break up the emulsion or colloids and make changes in stabilization of the
surface charges of suspended MPs which permits them to become close enough to each other and
thus attached via Van der Waals forces (Akbal and Camci, 2011). The coagulation agents trap the
suspended solid particles (e.g. MPs, particulates) by forming a sludge blanket. The liberated
hydrogen gas (produced from the electrolysis process) helps to elevate the resultant sludge flocs
above the water surface, which is referred to as stable flocs (Moussa et al., 2017) (Figure 4a). The

following anodic and cathodic reactions co-occur throughout the process:

M solidy — M™ (aqueous) + ne” (1)
2H0 — 4 H' (aqueous) T O2 (gas) T 4 € (ii)
2HO0p+2e — Hags) T +2 OH (aqueous) (1i1)
M™ (aqueous) T N OH (aqueousy —  M(OH)n (solid) (iv)

EC has been reported to be effective over pH 3-10 (Padervand et al., 2020), which makes it
more attractive to be an effective pathway for MPs removal from many types of wastewater and
their effluents without adding other chemicals. Also, alteration in current density rarely affects the
efficacy of MPs removal, which is above 90% (Perren et al., 2018). In the presence of 0.2 g/L of
NacCl and pH 7.5, 99.24% microbeads were removed using this method (Padervand et al., 2020).
Recently, Akarsu and Deniz (2020) obtained up to 98% MPs removal from laundry wastewater
using Fe-Al electrode in this process within only 60 minutes. Despite having such cost-effective
and efficient performance in MPs treatments, EC process is constrained with some operational
drawbacks such as requirements for continuous replacement of sacrificial anodes, cathodic
passivation and high cost of power supply. The development of more viable anodes and future
research on operational modifications to avoid the cathodic passivation are required to overcome

these limitations.
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[Figure 4]

6.3.5. Comparison of chemical treatment technologies

Overall, chemical treatment methods are applied to enhance the MPs removal efficacy of
WWTPs significantly. An overview of each of the methods, their advantages, obtained efficiencies
and drawbacks is represented in Table 4. MPs were better removed via EC and ozonation process.
Efficacy of sol-gel agglomeration also reached similar performance, but which varied with the
implemented bio-inspired materials. Comparatively very limited research has been conducted on
electro-Fenton and photo-Fenton processes for MPs removal. Photocatalytic degradation is a
potential strategy but very few WWTPs have implemented this method so far due to their
miscellaneous drawbacks (Table 4). Acid-alkali pre-treatment method is still required to be
developed to be more cost-efficient. The average efficiencies of MPs removal obtained with
chemical methods followed the order: photo-Fenton process > electro-coagulation > ozonation >
electro-Fenton process > sol-gel agglomeration > coagulation > modified Fenton process.

To date, the highest removal efficiencies obtained from different chemical methods are
presented in Figure 2c¢ for a comparative overview (Table A16). Unfortunately, none of these
treatment strategies can remove MPs from contaminated sludge and wastewater when
implemented alone without any other physical or biological treatment strategies. Moreover, by-
products, as well as some secondary sludge produced in some methods such as coagulation, EC,

sol-gel agglomeration require further treatment.

[Table 4]

6.4. Pyrolysis and co-pyrolysis of MPs

Pyrolysis and gasification processes are designated as thermo-chemical treatment technologies
which allow the thermal decomposition of plastic wastes and other biomass particles as well as
fuel production from them. In this process, the solid carbonaceous materials (e.g. plastic trash,
solid organic contaminants, biomass) are converted into different gaseous products (having
different heating values), which are also referred to as syngas. Composition of the produced gases

may vary due to the applied temperature range and characteristics of original materials. Some
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common fractions of the end gaseous products are H>, CO2, CO, CH4, and some hydrocarbons
(Burra and Gupta, 2018a). Plastic wastes with long polymeric chains can be degraded into
oligomers during various types of pyrolysis techniques such as catalytic pyrolysis, thermal
pyrolysis, and microwave aided pyrolysis (Sun et al., 2019). A requirement of high temperature to
break down the polymeric chains was one of the most significant challenges for this process. This
limitation of higher temperature requirements can be solved through co-pyrolysis of plastic wastes
along with other biomass or biogenic materials. Also, it may provide a feasible pathway to treat
the MPs of sewage-sludge where they are mixed up with other contaminants (Burra and Gupta,
2018a; Jin et al., 2019). Different mass fractions of different type plastic wastes (e.g. polyethene
terephthalate, polypropylene, polycarbonate) were treated in co-pyrolysis process with pinewood
and enhanced production of syngas and hydrogen fuel were observed in several studies (Ahmed et
al., 2011; Burra and Gupta, 2018b; Pinto et al., 2002). Furthermore, co-pyrolysis of polypropylene
with cellulose exhibited a reduction of the pyrolysis activation energy (Burra and Gupta, 2018a).

Although some studies have been conducted on thermal treatment of plastic wastes, there has
been a negligible amount of work on MPs. One of the most probable reasons is the requirements
of isolation of MPs from the environment first with excess pre-treatment steps before the main
thermal treatments. As there is evidence that co-pyrolysis of plastic wastes with biogenic materials
requires even comparatively lower heat extent, therefore, co-pyrolysis may become a cost-
effective process for MPs removal in future along with another beneficial side of fuel production
at the same time without requirements for excessive accessories and costs. More investigations on
thermal treatment are still required to establish this process entirely for efficient MPs treatments.
6.5. Efficacy of hybrid treatment technologies of MPs

MPs-targeted wastewater treatment technology is not fully developed, and no specific
treatment process aimed at MPs removal has been applied in full-scale WWTP yet. In wastewater
treatment, significant improvements have been achieved during the last few years in the
application of a variety of hybrid treatment technologies, which consist of the combination of
different treatment technologies to obtain the maximum MPs removal efficacies (Ahmed et al.,
2017). Recently, hybrid systems have been widely used for the removal of MPs from water and
wastewater. Talvitie et al., (2017a) observed the removal efficiency of various types of MPs from
WWTP effluents by advanced treatment technologies including DF, RSF, DAF and MBR. They
concluded that MBR-UF hybrid process treating primary effluent could remove 99.9% of MPs of
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almost all sized (> 20 um) and all shapes, and showed that DF-coagulation and flocculation-DAF
hybrid processes removed 98.5% and 95% MPs respectively.

Porous membranes and biological process combination could enhance the MPs removal
efficiency up to 99.9% (Talvitie et al., 2017a). Lares et al., (2018) observed the performance of a
municipal WWTP operating based on a combination of primary treatment and pilot MBR
technology for the removal of MPs. This hybrid system was found to achieve high retention
capacity of MPs over 98.3%. Similarly, the combination of MBR-RO is an effective advanced
technology for the wastewater treatment to produce high-quality water (Dolar et al., 2012; Qin et
al., 2006). RO influences the performances of MBR in wastewater treatment, and RO performance
is commonly impacted by membrane fouling from inorganic, organic and biological fouling
(Farias et al., 2014;). MBR-based anaerobic/anoxic/aerobic (A/A/O-MBR) systems effectively
removed MPs from influent by trapped in sludge and block into permeate (effluent) through micro-
membrane (pore size < 0.1 pum) filtration (Lv et al.,, 2019). This structure could eliminate
necessarily all MPs from wastewater. A combination of sorption and filtration methodologies with
biological and sedimentation processed showed an excellent efficiency for the treatment of MPs
containing wastewater. MBR with other advanced physical and chemical treatment showed higher
MPs removal efficiency in the WWTP. While MBR coupled with sorption and filtration process
exhibited high removal percentage of MPs from the influent of water treatment plant (Padervand
et al., 2020). MBR based hybrid systems are more effective for the removal of high MPs
concentrate influent.

EC and agglomeration, coupled with additional filtration stage, showed effective separation of
MPs from water. Ma et al., (2019) demonstrated that the coagulation process could remove more
than 36.89% of MPs from water. Coagulation with sedimentation could enhance the removal
efficiency up to 81.6% MPs of the secondary sediment effluent (Hidayaturrahman and Lee, 2019).
Chemical coagulation treatment is the most widely used process to combine with the physical
process including UF, DF, RSF, GAC and RO process to reduce the fouling problem or enhance
the removal performance. Coagulation is often coupled with rapid sand filtration, membrane
filtration and ozone oxidation in tertiary treatment of wastewater treatment plant
(Hidayaturrahman and Lee, 2019). This hybrid treatment, including coagulation-RSF, coagulation-
ozonation and coagulation-DF achieved the removal efficiency of MPs by 84.8%, 95.2% and
96.2%, respectively. Compared with coagulation (47.1-81.6% removal) and rapid sand filtration
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(73% MPs removal), membrane filtration (79.4% MPs removal) and ozone oxidation (89.9% MPs
removal) showed better performance to remove MPs. Small MPs are trapped with flocs which
formed in coagulation and stopped during filtration. Primary and secondary treated three different
WWTP in Daegu, South Korea was finally treated through different tertiary treatment process
combined with coagulation (Hidayaturrahman and Lee, 2019). They showed that MPs' overall
removal rate in different WWTPs is 99.2%, 99.1% and 98.9%, when using the ozonation,
membrane disc filter, and RSF in the tertiary stage. UF process coupled with coagulation as a pre-
treatment which is one of the main water treatment technology to remove organic contaminants
from wastewater and produce high-quality effluent in current water treatment plant (Park et al.,
2017;). UF-Coagulation hybrid system is not perfectly designed for MPs removal from wastewater
(Mason et al., 2016). Recently Ma et al., (2019) observed the performance of UF-coagulation to
remove PE MPs for potential application in drinking water treatment. After coagulation slight
membrane fouling was induced due to the formation of loose cake layer by flocs, although PE
particles were completely eliminated during drinking water treatment. However, after coagulation
with PE particles (especially small size), membrane fouling was gently eased to increase the action
of UF membrane (Ma et al., 2019).

Coagulation/flocculation combined with sedimentation (CFS) and granular filtration is applied
to MPs (180 nm — 125 pm) removal in drinking water treatment (Zhang et al., 2020c), but with
unsatisfactory removal. MBRs combined the biological activated sludge process with membrane
separation provided MPs free effluent. Many studies have shown MBR hybrid systems to be more
effective in the removal MPs from water up to 99.9% (Lares et al., 2018; Talvitie et al., 2017a).
GAC filtration could effectively remove contaminants such as MPs through a synergistic
combination of physical adsorption and biodegradation from the effluent of ozonation (Wang et
al., 2020b). It is commonly coupled with ozonation process to remove some emerging
contaminants (Fu et al., 2019; Li et al., 2018a) and larger molecular weight matter is converted
into a small fraction to enhancing the biodegradability of the influent of GAC filter during drinking
water treatment (Ross et al., 2019). When ozonation combined with GAC filtration, it increases
the removal efficiency of MPs by approximately 17.2-22.2% (Wang et al., 2020b). So ozonation-
GAC filtration couple process reduced 74-83.1% MPs from the final effluent of drinking water
treatment plant. GAC filtration also coupled with sand filtration and sedimentation/flotation

process for treated drinking water treatment plant (Pivokonsky et al., 2018).
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Coagulation/flocculation, sedimentation, sand and GAC filtration hybrid process removed 81%
MPs and coagulation/flocculation, flotation, sand filtration and GAC filtration hybrid treatment
reduce the MPs 83% in drinking water treatment.

In an advanced drinking water treatment plant (coagulation+sedimentation+sand
filtration+ozonation+GAC), the overall MPs removal efficiency was 82.1-88.6%, of which 82.9-
87.5% 73.1-88.9% fibers fragments and 89.1-92.7% spheres were removed (Wang et al., 2020b).
With GAC filtration combined with coagulation and sedimentation only, the MPs removal was
reduced to 56.8-60.9% where 1-5 um MPs removal was 73.7-98.5%. On the other hand, the
combination of coagulation and sedimentation removed only fiber types MPs at 40.5-54.5%. In
the coagulation/sedimentation process, it was found that the larger size MPs had a higher removal
efficiency. MPs > 10 um were almost completely removed, followed by the removal efficiency of
44.9-75.0% for 5—10 um in this process. Despite the high removal efficiency of MPs about 99%,
the conventional WWTP with primary and secondary treatment is not specially designed to
improve the quality of final effluent. Different technologies could be combined before application
to remove MPs in the WWTPs. Among them, a few physical and chemical treatment showed better
performance when they use as combined with another process. The effective removal rates of MPs
in tertiary stage of different WWTPs can be followed as hybrid MBR with RO or UF > coagulation-
membrane disc-filter > coagulation- ozonation > Flocculation-DAF > constructed wetland >
coagulation-RSF > ozonation-GAC filtration > coagulation-sedimentation. In summary, the
combination of MBR with physical treatment such as RO/UF/NF has been found highly efficient
in the removal of a wide range of MPs. CWs based hybrid treatment was found highly efficient,
environmentally friendly and cost-effective. Moreover, coagulation with
ozonation/GAC/DAF/RSF/ filtration processes are also more cost-effective than MBR based

hybrid treatment.

7. Recommendations for future work
Although significant progress has been made in MPs research in terms of their analysis,
interactions with other contaminants, toxicological effects, and removal by different treatment
technologies, there are still many gaps. Future research directions on MPs are suggested as follows:
% More reliable methods for the detection and quantitative analysis of MPs are urgently

needed to cover a wide range of MPs in the aquatic environment.
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¢ More studies are needed to determine the toxicological effects of MPs.

+» In membrane-based treatment, more research is needed to minimize the membrane abrasion
and fouling to increase the performance in MPs removal.

% Application of dynamic membrane technology in MBR treatment should be promoted to
improve MPs removal performance.

+¢* The degradation and/or transformation of MPs in MBR should be investigated.

% More research is needed to isolate and amplify the number of MPs-degrading microbes for
their targeted applications.

% Research on MPs removal from the sludge phase produced from biological treatment
methods is urgently needed.

% CWs should be further developed for application in MPs removal.

% New materials and cathodic materials should be synthesized for efficient removal of MPs
in Fenton and electro-Fenton processes.

% For commercial-scale photocatalysis treatment plants, the utilization of solar energy should
be actively explored instead of UV irradiations.

% More effective and efficient photo-catalysts are to be synthesized for the photocatalytic
degradation for MPs removal.

% More bio-inspired materials and their cost-efficient synthesis routes for sol-gel
agglomeration method should be sought.

% Development of more viable anodes for EC method is needed.

% Hybrid treatments are needed to be specially designed to remove MPs.

8. Conclusions

A detailed review of MPs abundance and sources in the aquatic environment, their effective
identification and analytical methods, interactions with major contaminants, potential
toxicological effects on living organisms, and removal technologies from wastewater have been
provided. MPs are widely detected in freshwater and marine environments such as water,
sediments and organisms. A comparative evaluation of different MPs identification and analysis
methods in environmental samples is presented by describing their applications, advantages, and
drawbacks. Py-GC-MS, Py-MS methods, Raman spectroscopy, and FT-IR spectroscopy have been

found as the most promising methods for MPs identification and quantification. WWTPs act as a
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significant source of MPs besides the domestic and industrial sources. MPs are found to act as a
significant vector of different contaminants such as heavy metals, additive mixtures, surfactants,
antibiotics, pesticides, and pharmaceuticals. Various adverse effects of MPs such as reduced
fecundity, increased genotoxicity, growth inhibition, the elevation of reactive oxygen species,
neurotoxic effects, reduction of photosynthesis of producers, and interferences with food intake,
enzyme activities, plasma activities, lysosome activities and energy balance, are detected in
different aquatic organisms. Different MPs treatment methods are discussed on their performance,
together with their advantages and limitations. Filtration methods are reported as the most efficient
physical treatment method although more developments are still required to implement them in
large scale MPs treatment. CWs and MBR technologies are the most efficient among the biological
treatment methods. In chemical treatment, EC, coagulation, sol-gel agglomeration, photo-Fenton
and electro-Fenton processes show promising results in MPs removal. Hybrid treatment such as
MBR-UF/RO system; coagulation followed by ozonation, GAC, DAF, RS, filtration; and CWs

based hybrid technologies have shown highly promising results for effective MPs removal.
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