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17 Abstract: Nanoplastics (NPs) pollution of aquatic systems is becoming an emerging
18 environmental issue due to their stable structure, high mobility, and easy interactions with
19  ambient contaminants. Effective removal technologies are urgently needed to mitigate their
20  toxic effects. In this study, we systematically investigated the removal effectiveness and
21  mechanisms of a commonly detected nanoplastics, carboxyl-modified polystyrene (PS-
22  COOH) via coagulation and sedimentation processes using aluminum chloride (AICl3) as a
23 coagulant. PS-COOH appeared as clearly defined and discrete spherical nanoparticles in

24 water with a hydrodynamic diameter of 50 nm. The addition of 10 mg/L AICls compressed
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and even destroyed the negatively charged PS-COOH surface layer, decreased the energy
barrier, and efficiently removed 96.6% of 50 mg/L PS-COOH. The dominant removal
mechanisms included electrostatic adsorption and intermolecular interactions. Increasing the
pH from 3.5 to 8.5 sharply enhanced the PS-COOH removal, whereas significant loss was
observed at pH 10.0. High temperature (23 °C) favored the removal of PS-COOH compared
to lower temperature (4 °C). High PS-COOH removal efficiency was observed over the
salinity range of 0-35%.. The presence of positively charged Al>O3 did not affect the PS-
COOH removal, while negatively charged SiO reduced the PS-COOH removal from 96.6%
to 93.2%. Moreover, the coagulation and sedimentation process efficiently removed 90.2%
of 50 mg/L PS-COOH in real surface water even though it was rich in inorganic ions and
total organic carbon. The fast and efficient capture of PS-COOH by AICI; via a simple
coagulation and sedimentation process provides a new insight for the treatment of NPs from

aqueous environment.
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1.  Introduction
Plastic products are being widely applied in a variety of industries, such as packaging

(Ivleva et al., 2017), construction materials (Hernandez et al., 2017), daily personal care
products, vehicles, clothing, and electronics (Song et al., 2017) due to their excellent
physicochemical properties of ease of production, durability, light weight, and low cost (Saliu
et al., 2018). The major routes of plastics to the environment concern wastewaters and urban
runoffs (Besseling et al., 2017; Carr et al., 2016). After entering into water bodies, some
larger-size plastics fragmentize into smaller nanoplastics (NPs) with sizes ranging from 1 to
100 nm through weathering, biodegradation (Andrady, 2011), photodegradation, thermal
degradation (da Costa et al., 2016), and the movement of water flow (Auta et al., 2017).
While the concentrations of NPs in natural water bodies are estimated to be lower than 1
mg/L (Lenz et al., 2016), NPs have become a growing environmental concern since they can
be easily swallowed and ingested by organisms and accumulated along the food chain (Chae
and An, 2017; Yang et al., 2015). Moreover, due to their hydrophobicity and large surface-
to-volume ratio, NPs often show high adsorption capacities for an array of toxic chemicals
such as persistent organic pollutants (e.g., polychlorinated biphenyls, organochlorine
pesticides, polycyclic aromatic hydrocarbon, dichlorodiphenyltrichloroethane) and heavy
metals (e.g., Zn, Pb, and Cu) (do Sul and Costa, 2014), and thus play important roles in the
fate and transport of the pollutants in the environment. The adsorbed pollutants on NPs can
then desorb and affect the metabolic and physiological processes as well as human and
ecological health. Thus, efficient and feasible approaches for removal of NPs from natural
water bodies are urgently needed.

Several advanced treatment technologies have been proposed and employed for
removing microplastics (MPs), including membrane bio-reactor, rapid sand filtration, and

dissolved air flotation (Talvitie et al., 2017). However, these technologies bear with some
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serious drawbacks, such as inefficiency due to the degradation-resistance of plastics, the large
occupation of space, and potential point pollution source of microplastics and NPs (Carr et
al., 2016; Lu et al., 2018). More importantly, these methods were designed for the removal
of MPs and were less effective for the removal of NPs due to the smaller particle size (da
Costa et al., 2016). Coagulation has attracted particular attention due to its low-cost and high
removal performance (You et al., 2019). Various inorganic coagulants such as
polyaluminum chloride, aluminum-based salts, and iron-based salts (He et al., 2019) have
been extensively applied in the process of coagulation. The simple introduction of these
inorganic coagulants can compress the electric double layer and settle unstable particles in
water by forming larger flocs (Ma et al., 2019). For example, Skaf et al. (2020) found that
coagulation using alum at 5 and 10 mg/L reduced the turbidity of 5 mg/L microspheres (1-5
pm diameter) from initial 16 NTU to less than 1.0 NTU. Zhou et al. (2021) reported that 90
mg/L of the polyaluminium chloride (PAC) was able to remove 77.8% and 29.7% of 500
mg/L polystyrene and polyethylene with sizes smaller than 5 mm, respectively. Charge
neutralization occurred in the coagulation of both PS and PE and agglomeration adsorption
was observed in the PS system. The hydrolysis products of coagulants played a predominant
role rather than the hydrolysis process. Although NPs may share some of the properties of
MPs, their size-dependent properties distinguish them from MPs with respect to the transport
properties and interactions with natural colloids (Gigault et al., 2021). Yet, to the best of our
knowledge, few studies have been reported about the remediation of NPs-contaminated water
by coagulation. The removal effectiveness and underlying mechanisms are not clear.
Moreover, as complex water chemistry conditions such as pH (Liu et al., 2018), temperature
(Qiu et al., 2019), salinity (Wu et al., 2019), and inorganic colloids (Oriekhova and Stoll
2018) are known to affect the aggregation of NPs, the influences and affecting mechanisms

of these factors on NPs removal by coagulation have not yet been systematically investigated.
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To fill in the abovementioned knowledge gaps, the overall goal of this study was to
determine the governing removal mechanisms of NPs in natural waters by coagulation and
sedimentation and explore the effects of environmental chemistry. Carboxyl-modified
polystyrene (PS-COOH) is one of the most commonly detected plastics in the environment
(Casado et al., 2013) and was applied as representative NPs in this study. The specific
objectives were to: (1) compare the removal efficiencies of PS-COOH via commonly used
coagulants at various dosages; (2) examine the effects of pH, temperature, salinity, and
inorganic colloids on the removal effectiveness; (3) study the removal of PS-COOH in real
surface waters; and (4) explore the underlying mechanisms affecting NPs aggregation via

theoretical calculation and physical characterizations.

2. Materials and methods
2.1. Materials

All chemicals used in this study were in analytical grade or higher. PS-COOH NPs
(density of 1.05 g/cm?® and refractive index of 1.59) with hydrodynamic diameters of 50 nm
were obtained from Huge Biotechnology (Shanghai, China). According to the manufacturer,
there are small amounts of surfactants in the stock solution and the concentration of PS-
COOH in the stock solution is 50 g/L as PS-COOH or 49.6 g/L as total organic carbon
(TOC). The PS-COOH NPs stock solution was diluted in deionized water to achieve the
desired target concentrations. Aluminum chloride hexahydrate (AICl3:6H20), sodium
hydroxide (NaOH), and ferric chloride hexahydrate (FeClz-6H.QO) were purchased from
Macklin Biochemical Technology (Shanghai, China). Polyaluminum chloride (PACI) was
obtained from Damao Chemical Reagent Technology (Tianjin, China). Sodium chloride
(NaCl) was obtained from Jinhuada Chemical Reagent Technology (Guangzhou, China).

Silicon dioxide (SiO2) with a particle size of 50 nm was purchased from Shunping
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Biochemical Technology (Guangzhou, China). Alumina (Al.O3) with a particle size of 20
nm was purchased from Aladdin industrial corporation (Shanghai, China). As a proxy for
inorganic colloids, suspensions of SiO2 and Al.O3 (500 mg/L) were prepared in ultrapure
water and sonicated for 15 min with a CNC ultrasonic cleaner (KQ-500DE, Kunshan, China),
respectively. All samples in this study were prepared using deionized water unless stated

otherwise.

2.2.  Characterization of PS-COOH NPs

The morphology of PS-COOH before and after reaction was visuarized by scanning
electron microscopy (SEM) (Supra55, Zeiss, Jena, Germany). The average hydrodynamic
diameters and zeta potentials () were characterized using a Malvern Zetasizer Nano ZS
instrument (Nano ZSE, Malvern Instruments, Worcestershire, U.K.). The polydispersivity
index (PDI) value was derived according to the size distributions of PS-COOH:
PDI=0%/Zp? (1)
where ¢ is the standard deviation and Zp is the average hydrodynamic diameter. The surface
functional groups of PS-COOH NPs before and after reaction were analyzed by fourier
transform infrared spectroscopy (FTIR, Nicolet iS5, Thermo Fisher Scientific, Waltham, MA,
U.S.A.). The collected flocs were vacuum-dried in a freeze drier (SCIENTZ-10N, Ningbo,

China) at -40 °C for FTIR analysis.

2.3. Coagulation and precipitation experiments

Standard jar tests for testing the removal effectiveness of PS-COOH NPs from water
were carried out via coagulation, flocculation, and sedimentation. Jar testers (Meiyu,
MY3000-6B, Wuhan, China) consisting of six paddle stirrers, jars, and 500 mL glass beakers

were applied. Each beaker was loaded with 300 mL of PS-COOH NPs suspension with an
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initial concentration of 50 mg/L and an initial pH of 6.5+£0.1. Batch experiments were carried
out following previously reported mixing and settling procedures (Qiu et al., 2019):
Sequential mixing at 70 rpm for 1 min, 180 rpm for 30 s, 40 rpm for 15 min, 30 rpm for 15
min, 20 rpm for 15 min, and final 15 rpm for 25 min, and then settling for 30 min under
gravity. A small amount of the mixture after 1 min mixing at 70 rpm was taken immediately
for time-resolved DLS measurement to monitor the change of average hydrodynamic
diameters of PS-COOH as a function of time. The size of PS-COOH was recorded every 20 s
and lasted for 10 min, with the first record at 20 s after the beginning of the DLS
measurement. At the end of settling, 20 mL of the supernatant was sampled submerged at 1/3
depth of the liquid surface for residual turbidity and PS-COOH NPs concentration analysis.
The NPs removal efficiency was calculated based on the differences between the initial and
final concentrations of aqueous PS-COOH NPs.

To determine the effects of alternative coagulants and coagulant dosage, the jar tests
were conducted with various concentrations of AICl3, FeCls, and PACI (2.5, 5, 10, 20, and 40
mg/L, respectively. For all the following experiments, the initial concentrations of PS-
COOH and AICIz were set at 50 mg/L and 10 mg/L, respectively. To explore the effects of
pH, the initial pH of the mixture of was adjusted to 3.0, 4.5, 6.5, 8.5, and 10.0 with NaOH or
HCI solutions, and the final pH was recorded in respective figure captions. To investigate the
effects of reaction temperature, the temperature was set at 4 and 23 °C, which represent the
average temperature of seawater in winter and room temperature, respectively. The low
temperature was maintained by placing the beaker in cold ice-water bath with ice bags. To
study the effects of salinity, known amounts of NaCl were dissolved into the suspensions to
obtain various salinities ranging from 5% to 35%o to simulate real environmental conditions
in a representative estuary (Wu et al., 2019). To probe the effects of inorganic colloids, 30

mg/L of Al,Oz and 50 mg/L of SiO> were mixed with 50 mg/L of PS-COOH suspension,
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respectively, before reaction. All experiments were conducted in duplicate and the average

results were reported with errors indicating the standard deviations.

2.4. Removal of PS-COOH in real surface water

Surface water samples were collected from the top 5 cm of the water column from
Xinzao Town, Panyu District, Guangzhou, China. The latitude/longitude of the sampling site
was 113.41/23.03. The collected sample was first filtrated through a 0.45 um membrane
filter (mixed cellulose esters) to remove suspended solids. To facilitate the following PS-
COOH removal experiments, the surface water was pre-spiked with PS-COOH solution to
obtain a PS-COOH concentration of 50 mg/L. Coagulation and precipitation experiments
were then conducted following the same manner as described in section 2.3. Control tests

were performed in the absence of AICIz under otherwise identical conditions.

2.5. Interaction energy calculation by DLVO theory

The Derjaguine-Landaue-Verweye-Overbeek (DLVO) theory states that particles are
subject to van der Waals interaction forces and electrostatic repulsion forces and is widely
used to calculate the surface interaction energy of particles as a function of separation
distance and to predict the aggregation behavior of particles (Derjaguin and Landau, 1993).
The interaction force of the PS-COOH NPs was determined treating the particle-particle as a
sphere-sphere geometry. Detailed information on the calculations is provided in the

supporting information (Section S1).

2.6. Analytical methods
pH was measured using a PB-10 pH meter (Sartorius, Gottingen, Germany). The PS-

COOH concentration was determined via a total organic carbon analyzer (TOC-LCPH,
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Shimadzu Corporation, Japan) with a PS-COOH detection limit of 1.0 mg/L. Turbidity was
determined using a Turbidity Meter (TN-100, Shanghai, China) and the detection limit was
0.27 NTU. The concentrations of K, Ca, Na, and Mg in aqueous solutions were determined
by an inductively coupled plasma mass spectrometer (ICP-MS, NexION 350X, PerkinElmer,
Shelton, CT, U.S.A.), and the detection limits were 4.50, 6.61, 6.36, and 1.94 ug/L,

respectively.

3. Results and discussion
3.1. Characterization of PS-COOH

PS-COOH NPs appeared as clearly defined and discrete spherical nanoparticles and were
stable and well dispersed in water (Fig. 1a). After coagulation, due to the bridges formed
between aluminum salt and PS-COOH (Wu et al., 2020), flocs shaped as open structures
were observed as presented in Fig. 1b. Due to the presence of negatively charged carboxyl
functional groups and surfactant, the zeta potential of PS-COOH NPs varied from -27.8+3.5
mV at pH 3 to -49.6+3.6 mV at pH 10 (Fig. 1c). PS-COOH NPs demonstrated a relatively
uniform size distribution and the mean hydrodynamic diameter was equal to 50£2 nm as
shown in the size distribution histograms (Fig. 1d). The polydispersivity index value (0.025)
for the suspensions of PS-COOH NPs was less than 0.2, which indicated that PS-COOH NPs
were stable and well dispersed in water without significant aggregation (lzquierdo et al.,

2005).

3.2. Effects of different coagulant and coagulant dosage on the removal of PS-COOH
The removal efficiencies of PS-COOH and the turbidity removal via three commonly
used coagulants, namely, AICl3, FeCls, and PACI at different dosages ranging from 2.5 to 40

mg/L were compared in Figs. 2a and b. The coagulants effectively reduced the PS-COOH in
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the aqueous phase. Generally, increasing the coagulant dosage (0—10 mg/L for AIClz and
FeCls, 0-5 mg/L for PACI) enhanced the PS-COOH removal. For instance, increasing the
FeCls dosage from 2.5 to 5 and further to 10 mg/L enhanced the PS-COOH removal
efficiency from 8.7% to 89.6% and further to 95.8%. As shown in Fig. 2c, after coagulation
with 2.5-10 mg/L FeCls or AIClIs, the pH values in the systems were in the range of 4.0-5.0,
where Fe mainly presented as positively charged Fe(OH).* (Wang et al, 2013) and Al as
positive hydrolyzates such as Al(OH).*, Alo(OH)>**, and Al3(OH)+°* (Zhang et al., 2008).
The enhancement in the PS-COOH removal was due to the charge neutralization (Fig. 2d)
and compression of electrostatic double layer (Li et al., 2019). Yet, no advantage was
observed at a higher dosage. For instance, further increasing the FeCls dosage from 10 to 40
mg/L led to a statistically significant decline in the PS-COOH removal efficiency (4.5%, p
value = 0.002). Similarly, increasing the PACI dosage from 5 to 40 mg/L led to a statistically
significant decline in the PS-COOH removal efficiency (2.8%, p value = 0.016). Increasing
the FeCls dosage from 10 to 40 mg/L significantly decreased the system pH from 4.1 to 3.1
where Fe mainly presented as Fe(OH),* and Fe(OH)?* (Wang et al., 2013). The decline in
PS-COOH was due to the charge reversal effect (Fig. 2d) leading to the restabilization of the
particles. Meanwhile, further increasing the AICl3 dosage from 10 to 40 mg/L resulted in
statistically insignificant changes in the removal efficiency (p value = 0.71). It can be seen
that the zeta potential of PS-COOH remained constant at -2.9 mV at AICls dosage ranging
from 10 to 40 mg/L (Fig. 2d).

Correspondingly, the residual turbidity was also compared in Fig. 2b. In general, the
results concurred with the classical coagulation curve. The initial turbidity of 50 mg/L of PS-
COOH NPs was determined to be 4.83 NTU, exceeding the quality standard of 1 NTU in
drinking water (GB 5749-2006, China). When the concentration of AICls, FeCls, and PACI

increased from 0 to 5, 5, and 2.5 mg/L, the turbidity increased to 18.60, 8.04, and 18.00 NTU,

10
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respectively. Further increasing the coagulant dosage to 20.0, 10.0, and 5 mg/L decreased the
turbidity to 0.99, 1.09, and 0.68 NTU, respectively. Yet, the turbidity was raised up to 11.60,
9.06, and 16.70 NTU, respectively, with a coagulant dosage of 40 mg/L. The increase of the
residual turbidity was probably due to (1) the formation of new disturbing particles, e.g.,
hydroxides, which are not settled (Rajala et al., 2020), and (2) the formed loose and easily
broken flocs with excessive coagulant (Wu et al., 2007).

Considering the PS-COOH removal efficiency, the residual turbidity, and the availability

of coagulants, 10 mg/L of AICIs was selected in the following experiments.

3.3. Interactions between PS-COOH and AICl3

The introduction of inorganic ions can alter the surface charge of nanoparticles,
controlling their aggregation behavior (Wong et al., 2012). Our results showed that the zeta
potentials of PS-COOH were negative with the addition of 0—40 mg/L AIClz. The zeta
potential became less negative as AICIs concentration increased (Fig. 2d). The electrostatic
interaction between negatively charged PS-COOH and positively charged aluminum ions led
to charge neutralization, and obvious aggregation of PS-COOH was observed (Fig. S1). The
change of hydrodynamic size over time for PS-COOH after mixing with AICIs at different
concentrations was shown in Fig. 3a. The PS-COOH dispersed well in water with a
hydrodynamic size of 50 nm. Similarly, the hydrodynamic size remained constant at about
50 nm at a AICIs concentration of 2.5 mg/L. With an increase of AICI3 concentration to 5,
10, 20, and 40 mg/L, the hydrodynamic size increased readily to 248, 1315, 2462, and 4544
nm, respectively after 10 min, and an obvious aggregation of PS-COOH was observed (Fig.
S1).

To obtain a better understanding of the stability of PS-COOH at different AICl3

concentrations, the attachment efficiency (o) and aggregation rate (nm/s) of PS-COOH NPs

11
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were determined. When the AICIs concentration increased from 2.5 to 40 mg/L, the
positively charged aluminum ions can compress and even destroy the stable negatively
charged PS-COOH surface layer or electron double layer (Vangara et al., 2017), and the
stabilizing Coulomb forces between two particles decreased (Petosa et al., 2010), resulting in
higher attachment efficiency. As shown in Fig. 3b, the a value increased from 0.001 to 0.319
as AIClI3 concentration increased from 2.5 to 20 mg/L. This stage is known as reaction-
limited aggregation regime (a.< 1) (Lin et al., 2016). In this regime, the increase in AlCl3
elevated the degree of charge screening and led to an increase in aggregation kinetics, as
reflected by the rise in the a value. When the concentration of AICls increased to 40 mg/L,
the a value reached 1 and this stage is defined as diffusion-limited aggregation regime (Lin et
al., 2016), where the aggregation kinetics approached the theoretical maximum. In this
regime, the aggregation kinetics was independent on the AICI3 concentration. The distinct
regimes indicated that electrostatic interactions occurred between PS-COOH and AICl3
(Wang et al., 2020). Correspondingly, the aggregation rate of PS-COOH was enhanced from
0.005 nm/s to 4.163 nm/s with the increase of AlCIs concentration from 2.5 to 40 mg/L
(Table S1). The colloidal stability of PS-COOH in the absence and presence of AICIz in
aqueous phase is supported by the DLVO analysis as shown in Fig. S2. In the absence of
AICl3, the energy barrier between PS-COOH was substantially high (29 KT) (Fig. S2a),
which resulted in the well dispersion of PS-COOH in the solution. The energy barrier
decreased to 2.5-4.8 KT and finally dropped below 0 KT with the addition of 2.5 to 40 mg/L
AICl3 (Fig. S2b). The interaction between PS-COOH and aluminum ions changed the
surface chemistry of PS-COOH and inhibited the negative zeta potential of PS-COOH. Thus,
the addition of AICI3 promoted the homoaggregation of PS-COOH. It is noteworthy that the
DLVO interaction energy calculation predicts a repulsive force among PS-COOH in 5 and 10

mg/L of AICl3 (Fig. S2b). However, obvious aggregation of PS-COOH was observed in both

12
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conditions (Fig. S1). The discrepancy can be explained by the fact that the introduced
aluminum ions adsorbed onto the surface of PS-COOH, rendering the PS-COOH' surface
electrostatically heterogeneous (Sennato et al., 2009). Yet, the DLVO interaction energy
prediction only uses the mean value of surface charge, which neglects the effects of the
heterogeneity on the interacting surfaces (Cai et al., 2018).

To further investigate the possible interaction between AIClz and PS-COOH during the
coagulation process, the stretching frequencies of AICI3-6H>0 and PS-COOH before and
after coagulation were measured (Fig. 4 and Fig. S3). For AICl3-6H20 (Fig. 4a), four major
peaks were evident, including bound and isolated hydroxyl groups and adsorbed water
molecules group at 3356 cm™ (Costa et al., 1999), the bending of water molecules at 1630
cm™ (Costa et al., 1999), and the Al-O group at 595 cm™ and 855 cm™ (Beran et al., 2001).
For PS-COOH flocs after interaction with AICIz (Fig. 4b), the characteristic band at 3400 cm”
! was ascribed to the H-O-H vibrations of adsorbed water (Li et al., 2004). The absorption
peaks observed at 3091 cm ™t and 3023 cm™* were ascribed to the C-H stretching vibrations in
benzene rings (Yuan et al., 2019). The peaks appearing at 2926 cm™* and 2849 cm™
corresponded to the asymmetric and symmetric stretching vibrations of C-H. The absorption
peak at 1705 cm™* represented the existence of -COOH groups (Hu et al., 2019). The
absorption bands located at 1490 cm™* and 1453 cm™* was assigned to the vibration of
monosubstituted benzenes (Han et al., 2017). The absorption peaks at 757 cm™* and 701
cm* were related to the bending vibrations of hydrogen atoms on monosubstituted benzene
rings (Ding et al., 2015). These characteristic peaks representing PS-COOH were consistent
with previously reported studies (Fig. S3) (Chen et al., 2016; Han et al., 2020). After
reaction with AICIs3, a new peak at 1600 cm™ representing the COO-AI group (Lee et al.,
2000) was observed, which might be due to the formation of bridges between the surface

functional groups of PS-COOH and aluminum (Wu et al., 2020). Furthermore, the peak at
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550 cm™and 1072 cm™ corresponded to Al-OH (Djebaili et al., 2015; Perkins and Palmer
2000). The pH of the system after reaction with different concentrations of AICI3 was shown
in Fig. S3. As expected, increasing the AICI3 concentration progressively decreased the pH
values due to the OH™ consumption by the AICIs hydrolysis. These results suggest that the
dominant reaction mechanisms between PS-COOH NPs and AICls include electrostatic

adsorption and intermolecular forces.

3.4. Effects of pH on PS-COOH removal

Effects of pH on PS-COOH removal by AIClz was investigated over the initial pH
range of 3.0-10.0. The PS-COOH removal efficiency increased sharply from 12.0% at pH
3.0 t0 96.4% at pH 8.5, and then decreased to 83.7% when pH reached 10.0 (Fig. 5a).
Solution pH can affect both the surface potential of PS-COOH and speciation of aluminum.
The surface of PS-COOH maintained negatively charged (-27.8—(-49.6) mV) (Fig. 5b) and
the hydrodynamic diameter remained constant at 50 nm (Fig. 5c) over the pH range. At pH
3.0, Al mainly presented as hydrated monomer aluminum (Al(H20)6*") (Hu et al., 2006).
When pH increased to 4.5, the main species are positive hydrolyzates such as Al(OH).",
Alz(OH)**, and Al3(OH)+°* (Zhang et al., 2008). When the pH reached 8.5, highly
polymeric positive hydrolyzates, such as [AlOsAl12(OH)24(H20)12]™* (Al13), which was
reported to be the most effective coagulation species in aluminum-based coagulants due to its
strong charge neutralization capability and high structure stability (Bottero et al., 1982;
Gregory and Dupont, 2001), was formed. These positive hydrolyzates possessed strong
ability of neutralizing the negative charges of PS-COOH and formed flocs with PS-COOH
through adsorption and bridging, resulted in the destabilization of nanoplastics. Therefore, as
the pH increased from 3.0 to 8.5, the zeta potential of PS-COOH in the presence of AICls

changed from -11.7 mV to -3.0 mV (Fig. 5b) and the hydrodynamic diameters increased
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sharply from 55 to 4755 nm after 10 min (Fig. 5¢), leading to an improved PS-COOH
aggregation rate (from 0 at pH 3.0 to 2.63 nm/s at pH 8.5) (Table S1) and an enhanced PS-
COOH removal efficiency. When pH reached 10.0, the dominate hydrolyzate was
transformed to negatively charged Al(OH)s™ (Yang et al., 2010). The zeta potential was
reduced to -16.3 mV and the corresponding hydrodynamic diameter remained at 67 nm,
resulting in an aggregation rate of 0 and a declined PS-COOH removal efficiency of 83.7%.
Increasing the pH from 8.5 to 10.0 enhanced the repulsive energy barrier between PS-COOH

from <0 to 5.0 KT as shown in Fig. S4.

3.5. Effects of temperature on PS-COOH removal

Effects of temperature on PS-COOH removal efficiency by AlICIs was investigated at
pH 6.5. Fig. 6a shows that increasing the temperature from 4 to 23 °C significantly enhanced
the PS-COOH removal efficiency from 92.1% to 96.6% (p value of 0.001 at the 0.05 level of
significance).

It is reported that the NPs were more stable at the lower temperature compared to those at
the higher temperature (Singh et al., 2019). The hydrodynamic diameters of PS-COOH without
the addition of AICls at 4 and 23 °C remained constant at 50 nm and the aggregation rates were
both 0 (Table S1). High temperature increases the solubility of AICIs, decreases the viscosity
of water, enhances the Brownian motion and the molecular collision rate, and increases the
reaction rate constant, which is conducive to the formation of larger flocs of PS-COOH (Qiu
etal., 2019). Asshown in Fig 6b, with the addition of AICl3, when the temperature was
increased from 4 °C to 23 °C, the hydrodynamic diameters of PS-COOH was increased from
800 nm to 1400 nm after 10 min and the aggregation rate of PS-COOH was enhanced from

0.888 to 1.138 nm/s (Table S1).
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3.6. Effects of salinity on PS-COOH removal

The aggregation kinetics and removal efficiency of PS-COOH with or without the
addition of AICIs were studied over a range of salinities from 0 to 35%o. In the absence of
AIClIs, the zeta potential of PS-COOH changed from -43.6 mV to -36.5 and -34.2 mV,
respectively, as the salinity increased from 0 to 5%o and 10%., and then more sharply to -25.8
mV as the salinity reached 35%. (Fig. 7a). Accordingly, the hydrodynamic size of PS-COOH
with salinities of 5%o and 10%o remained constant at 50 nm (Fig. 7b) with an aggregation rate
of 0 (Table S1). Yet, when the salinity increased to 20%o and 35%o, the hydrodynamic size
of PS-COOH sharply increased to 87 nm and 654 nm after 10 min (Fig. 7b) and the
aggregation rate increased to 0.041 and 0.948 nm/s (Table S1), respectively. Accordingly to
the DLVO analysis (Fig. S5a), the energy barrier between PS-COOH was decreased from 29
KT for zero salinity to 15.3, 11.3, 9.0 KT when the salinity was increased to 5%, 10%o, and
20%o, respectively. The energy barrier dropped below 0 KT when the salinity increased to
35%o. The surface potential of PS-COOH became less negative as the salinity increased due
to the charge neutralization and the compression of electrostatic double layer (Li et al., 2020),
resulting in weaker electrostatic repulsive forces and faster homoaggregation rates. As a
result, the PS-COOH removal efficiency increased from 0 to 3.2% as the salinity increased
from 0 to 20%., and then sharply increased to 84.3% as the salinity increased to 35%. (Fig.
7¢). This observation is consistent with previously reported studies. Cai et al. (2018) found
that the polystyrene nanoparticles (PS NPs) dispersed well in Milli-Q water with
hydrodynamic diameters of ~100 nm at NaCl concentrations ranging from 1 to 50 mmol/L
whereas a slight aggregation was observed with 100 mmol/L NaCl. Li etal. (2019)
investigated the effects of NaCl on the settling ratios of PS NPs and they found that
increasing the NaCl concentration enhanced the settling ratios of PS NPs due to the formation

of PS NPs homoaggregates.
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With the addition of AICIs, the zeta potential of PS-COOH changed slowly from -5.3
mV to -8.7, -9.8, -8.6, and -9.9 mV, respectively, as the salinity increased from 0 to 5%o,
10%o, 20%o, and 35%o (Fig. 7d). Correspondingly, the hydrodynamic diameters of PS-COOH
changed readily from 1426 nm to 1306, 1394, 1475, and 1577 nm, respectively, after 10 min
(Fig. 7e), and the aggregation rates were enhanced from 0.723 to 0.897, 0.803, 0.988, and
1.158 nm/s, respectively (Table S1). As described in the DLVO analysis (Fig. S5b), the
energy barrier between PS-COOH after reaction with AICIs with a salinity of 0 was 4.7 KT.
Increasing the salinity to 5%0—35%o decreased the energy barrier to below 0 KT. The increase
in salinity resulted in weaker electrostatic repulsive forces, decreased stability, and faster
aggregation rates (Drechsler and Grundke 2005). The PS-COOH removal efficiencies with
the addition of 10 mg/L AICIs at different salinities remained as high as 96% (p value of 0.82

at the 0.05 level of significance).

3.7. Effects of inorganic colloids on PS-COOH removal

Nanoscale Al>O3 with a particle size of 20 nm and SiO; with a particle size of 50 nm
was applied as inorganic colloids in this study. Al>Os was positively charged and SiO. was
negatively charged in the pH range of 3.0-9.0 (Fig. S6). In the absence of AICIs, the addition
of Al2O3 led to a sharp increase of zeta potential from -43.6 mV to -5.4 mV due to the charge
neutralization (Fig. 8a). Correspondingly, the hydrodynamic diameter of PS-COOH was
increased to about 250 nm after 10 min (Fig. 8b) and the aggregation rate was enhanced to
0.323 nm/s (Table S1). The increase of hydrodynamic size was caused by the
heteroaggregation between positive charged Al.Oz and negative charged PS-COOH
(Oriekhova and Stoll, 2018). The addition of SiO> slightly changed the zeta potential of PS-
COOH from -43.6 mV to -46.1 mV (Fig. 8a), and the hydrodynamic diameter of PS-COOH

remained constant at 50 nm (Fig. 8b) without aggregation (Table S1). As a result, the
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removal efficiency of PS-COOH was increased to 43.3% in the presence of AlO3 and
remained at O in the presence of SiO> (Fig. 8c).

With the addition of AlClIs, the zeta potential of PS-COOH changed from -3.0 mV to -
10.3 mV in the presence of SiO while the zeta potential remained constant at -3.61 mV in
the presence of Al>Os (p value of 0.97 at the 0.05 level of significance) (Fig. 8d).
Correspondingly, the hydrodynamic diameter of PS-COOH increased to about 1037 and 1653
nm (Fig. 8e) and the aggregation rates were 1.114 and 1.308 nm/s, respectively (Table S1).
The removal efficiencies of PS-COOH after addition of 10 mg/L AICIs in the presence and
absence of Al,Oz and SiO; were shown in Fig. 8f. In the absence of inorganic colloids, the
PS-COOH NPs removal efficiency was 96.6%. The presence of 50 mg/L of SiO2 decreased
the removal efficiency to 93.2% probably due to the fact that the negatively charged SiO2 can
compete with PS-COOH for reacting with AICI3. Meanwhile, with the addition of AICls, the
PS-COOH removal efficiency did not show significant difference in the absence and presence

of negatively charged Al,Os (p value of 1.03 at the 0.05 level of significance).

3.8. PS-COOH removal in real surface water

The PS-COOH spiked surface water (PS-COOH = 50 mg/L) contained 15.0 mg/L CI',
6.3 mg/L NOs™, 30.9 mg/L SO4*, 7.8 mg/L K*, 23.3 mg/L Ca?*, 16.7 mg/L Na*, 3.4 mg/L
Mg?*, and 8.0 mg/L TOC. pH value was measured to be 6.8 and the zeta potential was
determined to be -14.9 mV. With the addition of 10 mg/L AICls, 90.2% of the PS-COOH
was removed while the removal efficiency of the PS-COOH in deionized water was 96.6% (p
value of 0.016 at the 0.05 level of significance). The decrease in PS-COOH removal
efficiency was probably due to the presence of TOC in the surface water. TOC links to the
PS-COOH via adsorption or hydrophobic interaction (Hotze et al., 2010), increasing the

steric and electrostatic repulsion between the PS-COOH, and thus providing the stabilizing
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effect. In addition, TOC may compete with PS-COOH for Al, resulting in reduced PS-
COOH removal efficiency. After reaction with 10 mg/L AICl3, TOC in aqueous phase was

reduced from 8.0 mg/L to 3.2 mg/L.

4. Conclusions

This study comprehensively investigated the removal of nanoplastics from water via
coagulation and sedimentation using AlClz as a coagulant. PS-COOH NPs appeared as
clearly defined and discrete spherical nanoparticles and were well dispersed in water. 10
mg/L AICIs effectively removed 96.6% of 50 mg/L of PS-COOH after reaction. The added
positively charged aluminum ions can compress and even destroy the stable negatively
charged PS-COOH surface layer or electron double layer, decreased the stabilizing Coulomb
forces between the particles and the energy barrier, and led to higher attachment efficiency
and enhanced aggregation rate of PS-COOH. The dominant removal mechanisms include
electrostatic adsorption and intermolecular interactions. The PS-COOH removal efficiency
increased sharply from 12.0% at pH 3.0 to 96.4% at pH 8.5, and then decreased to 83.7%
when pH reached 10.0. Increasing the temperature from 4 to 23 °C significantly enhanced
the PS-COOH removal efficiency from 92.1% to 96.6%. Salinity affects the colloidal
stability of the PS-COOH. In the absence of AICls, the PS-COOH removal efficiency
increased from 0 to 3.2% as the salinity increased from 0 to 20%., and then sharply increased
to 84.3% as the salinity increased to 35%.. With the addition of AICls, the PS-COOH
removal efficiency remained constant at 96% with the increase of salinity. The addition of
negatively charged SiO did not affect the stability of PS-COOH whereas the addition of
positively charged Al>O3 enhanced the formation of heteroaggregates and sharply increased
the PS-COOH removal efficiency from 0 to 43.3%. After the addition of AICls, the PS-

COOH NPs removal efficiency was 96.6% in the absence and presence of Al,Os. Yet, the
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presence of SiO2 decreased the removal efficiency to 93.2%. The addition of 10 mg/L AICls
efficiently removed 90.2% of 50 mg/L PS-COOH from real surface water rich in inorganic
ions and TOC. This study demonstrated the promise of coagulation and sedimentation using
AICIs for fast and efficient removal of NPs from natural water bodies. This approach
provides an innovative and practical alternative to remove NPs from contaminated aquatic

systems.
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Fig. 1. Digital photographs and SEM images of (a) PS-COOH and (b) PS-COOH flocs after coagulation, (c)

zeta potentials of PS-COOH as a function of pH, and (d) size distribution histograms of PS-COOH.
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Fig. 2. Effects of different coagulant and coagulant dosage on (a) PS-COOH removal efficiency, (b) residual
turbidity, (c) pH and (d) zeta potential of PS-COOH suspensions before and after coagulation with different
types and concentrations of coagulants. Experimental conditions: Initial concentration of PS-COOH = 50
mg/L, AICIz, FeCls, and PACI concentration = 2.5, 5, 8, 10, 20, and 40 mg/L, initial pH = 6.5, and reaction
volume =300 mL. Data plotted as mean of duplicates and error bars (calculated as standard deviation) indicate

data reproducibility.
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Fig. 3. (a) Change of hydrodynamic size over time for PS-COOH after mixing with AICIs of different
concentrations. The straight lines indicate linear fit in order to obtain the aggregation rate. (b) Attachment

efficiency of PS-COOH as a function of AICI3 concentration.
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Fig. 4. FTIR spectra of (a) AICl3-6H20 and (b) flocs of PS-COOH after coagulation. Experimental conditions:
initial PS-COOH concentration = 50 mg/L, AICls concentration = 10 mg/L, and reaction volume = 300 mL.

The flocs of PS-COOH after coagulation were collected and vacuum-dried in a freeze drier.
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Fig. 5. (a) Effects of pH on PS-COOH removal efficiency, (b) zeta potentials of PS-COOH before and after mixing with AICls at different pH, and (c) change

of hydrodynamic size over time for PS-COOH after mixing with AICls at different pH. Experimental conditions: Initial concentration of PS-COOH = 50

mg/L, initial pH = 3.0, 4.5, 6.5, 8.5, and 10.0, AICl3 concentration = 10 mg/L, and reaction volume = 300 mL. Data plotted as mean of duplicates and error

bars (calculated as standard deviation) indicate data reproducibility.
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Fig. 6. (a) Effects of temperature on PS-COOH removal efficiency and (b) change of hydrodynamic size
over time for PS-COOH before and after mixing with AICIs at different temperature. Experimental
conditions: Initial concentration of PS-COOH = 50 mg/L, AICIs concentration = 10 mg/L, temperature =

4 and 23 °C, initial pH = 6.5, and reaction volume = 300 mL. Data plotted as mean of duplicates and error
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bars (calculated as standard deviation) indicate data reproducibility.
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Fig. 7. Zeta potentials of PS-COOH with different salinities (a) in the absence and (d) in the presence of AlICls; change of hydrodynamic diameter over time
for PS-COOH at different salinities (b) in the absence and (e) in the presence of AICIs; effects of salinity on the PS-COOH removal efficiency (c) in the
absence and (f) in the presence of AlCIs. Experimental conditions: Initial concentration of PS-COOH = 50 mg/L, salinity = 5, 10, 20, and 35%., AICl3

concentration = 10 mg/L, initial pH = 6.5, and reaction volume = 300 mL. Data plotted as mean of duplicates and error bars indicate data reproducibility.
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Fig. 8. Zeta potentials of PS-COOH with and without colloids (a) in the absence and (d) in the presence of AlClIs; change of hydrodynamic diameter over time
for PS-COOH with and without colloids (b) in the absence and (e) in the presence of AlClzs; effects of inorganic colloids on the PS-COOH removal efficiency (c)
in the absence and (f) in the presence of AICIs. Experimental conditions: Initial concentration of PS-COOH = 50 mg/L, Al>Os concentration = 30 mg/L, SiO>

concentration = 50 mg/L, AICls concentration = 10 mg/L, initial pH = 6.5, and reaction volume = 300 mL. Data plotted as mean of duplicates and error bars
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